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Abstract
The majority of research on biodiversity–ecosystem functioning in laboratories has con-
centrated on a few traits, but there is increasing evidence from the field that functional
diversity controls ecosystem functioning more often than does species number. Given
the importance of traits as predictors of niche complementarity and community struc-
tures, we (1) examine how the diversity sensu lato of forest trees, freshwater fishes and
soil invertebrates might support ecosystem functioning and (2) discuss the relevance of
productive biota for monophyletic assemblages (taxocenes).

In terrestrial ecosystems, correlating traits to abiotic factors is complicated by the
appropriate choice of body-size distributions. Angiosperm and gymnosperm trees,
for example, show metabolic incongruences in their respiration rates despite their pro-
nounced macroecological scaling. Scaling heterotrophic organisms within their mono-
phyletic assemblages seems more difficult than scaling autotrophs: in contrast to the
generally observed decline of mass-specific metabolic rates with body mass within
metazoans, soil organisms such as protozoans show opposite mass-specific trends.

At the community level, the resource demand of metazoans shapes multitrophic
interactions. Hence, population densities and their food web relationships reflect func-
tional diversity, but the influence of biodiversity on stability and ecosystem functioning
remains less clear. We focused on fishes in 18 riverine food webs, where the ratio of
primary versus secondary extinctions (hereafter, ‘extinction partitioning’) summarizes
the responses of fish communities to primary species loss (deletions) and its conse-
quences. Based on extinction partitioning, our high-diversity food webs were just as
(or even more) vulnerable to extinctions as low-diversity food webs.
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Our analysis allows us to assess consequences of the relocation or removal of fish
species and to help with decision-making in sustainable river management. The study
highlights that the topology of food webs (and not simply taxonomic diversity) plays a
greater role in stabilizing the food web and enhancing ecological services than is
currently acknowledged.
ABBREVIATIONS
B biomass

B–EF biodiversity–ecosystem functioning

C carbon content

C connectance of a food web or network

eNPP ecosystem’s Net Primary Productivity

FD functional diversity

L trophic links

m mass at individual level
�M mass average at population level (site-specific)

M species-specific estimate of body-mass average

MIH More Individuals Hypothesis

N numerical abundance at population level

N nitrogen content

P phosphorus content

PD fraction of primary deletions (1 – #SD)

R metabolic rate at individual level

RSD robustness against SD

S number of species within one monophyletic taxocene (taxonomic diversity)

SD fraction of secondary deletions (1 – #PD)
All substances, in so far as they can be perceived in space at the same time, exist in
a state of complete reciprocity of action.
Immanuel Kant (1781) Kritik der reinen Vernunft: Dritte Analogie.
1. INTRODUCTION
1.1. Vexing drivers and responses

Despite scientific rationalism, too many generalizations and recent extrapo-

lations on the so-called sixth Great Extinction Event are widely supported

and spread by modern media (criticism on NGO’s statements and current

concerns already by Mann, 1991). On the one hand, the growing human

impact on Earth is beyond discussion and many scientists even assigned

the term Anthropocene to the present epoch (Crutzen, 2002; Estes et al.,

2011). On the other hand, forecasting global changes is hampered by the
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lack of consensus on interactions among the causes (e.g. Sala et al., 2000), the

existence of overstating implications (e.g. ‘taxa committed to extinction’ by

Thomas et al. (2004a) are soon claimed as lost in many press releases) and

contradictory conclusions (e.g. Samanta et al., 2010 vs. Xu et al., 2011).

Too often, in the public opinion, biodiversity seems therefore to sound

vague despite of full awareness of resource exploitation and habitat loss.

Hence, a dangerous consequence that must be avoided is a possibly

growing cynicism and complacency about the current changes at

planetary scale as a whole, although the interest with which policy-

decision makers and stakeholders look to models is higher than ever.

Given that biodiversity on Earth is only superficially explored, functional

groupings used up to date have arisen from a pragmatic approach to catego-

rize biota into ecologically meaningful aggregates (Brussaard, 2012;

Kerkhoff et al., 2005; Loreau et al., 2001). For example, body size,

among other (frequently related) traits, is ultimately important in

determining interaction strengths between consumers and resources.

Moreover, organisms of different sizes can have very different effects on

ecosystem functioning (EF), both within and among species (Perkins

et al., 2010; Reiss et al., 2010, 2011). Size measurements can be carried

out at either the individual or the species level, might be used

comparatively across species, and have the power to become more

directly correlated with properties that influence the performance of

organisms and communities (Hodgson et al., 1999; Ledger et al., 2012;

McGill et al., 2006).

Life is a matter of scale: faunal dispersal over broad spatial scales favours

plasticity (Sultan and Spencer, 2002), in contrast to vascular plants, for which

adaptation is limited by seed dispersal mechanisms (Hagen et al., 2012;

Olesen et al., 2010). Differently sized plants with variable leaf N and P

contents may affect ongoing ecological processes, either actively, due to

their direct influence on decomposition efficiency, or passively, through

biomass production (Bradford et al., 2002; Fortunel et al., 2009; Garnier

et al., 2004; Reich et al., 2010). Further, plants change the amount and

composition of root exudates depending on life form (Du Rietz, 1931;

Raunkiaer, 1934; Walter, 1964) and nutrient status (Johnson, 2010;

Ladygina and Hedlund, 2010; Lipton et al., 1987; Lynch and Ho, 2005;

Richardson et al., 2009; Yoneyama et al., 2007).

Still, most researchers have not addressed the role of size as an effect trait

at the species level, but have instead preferred to address the response trait as

biomass at community level, as for many aboveground ecosystems with
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different productivity (e.g. Hartnett and Wilson, 1999; Klironomos et al.,

2000; Wardle, 2002; Watkinson and Freckleton, 1997). Given the

correlation between response and effect traits, that is, the ‘response–effect

hypothesis’ (Lavorel and Garnier, 2002), the complexity and (mutual)

importance of such direct and indirect interactions among biodiversity,

EF and the environment is challenging (Bradford et al., 2002;

Lavorel et al., 2009; Zobel, 1997). A resulting niche complementarity is

in fact the product of not only species interactions but also a direct

consequence of combinations of traits (Flombaum and Sala, 2012).

Hence, many of these phenomena are interwoven and are commonly

merged together into ‘services’, like nutrient availability, soil structure,

water regulation, biological pest control and resilience (Millennium

Ecosystem Assessment, 2005).

Effects of dominant species at the ecosystem level (whether a certain

community composition is necessary to form and support a given ecosystem)

and the EF are two ‘linchpins’ which matter at several levels (Perrings et al.,

1992, 2011). Due to closely interrelated mechanisms, B–EF relationships

have been described at many operational levels in an attempt to forecast

effects of global change: although determinants of structural variability

across different operational levels are not fully understood yet, changes in

organismal, demographic and abundance responses might be predicted by

nutrient availability or disturbance (Caswell and Cohen, 1991; Elser and

Urabe, 1999; Lavorel et al., 1997; Sterner and Elser, 2002; Suding et al.,

2003; Tilman, 1988).
1.2. Contrasting dichotomies
EF depends on ‘dynamic relationships within species, among species and be-

tween species and their abiotic environment, as well as the physical and

chemical interactions within the environment’ (Millennium Ecosystem

Assessment, 2005; UNEP/Convention on Biodiversity, 2004; Wall,

2008). Quantifying EF in terms of biomass, productivity and size

structure within and among different ecosystems is important in ecology

as it can provide clues about the underlying processes that shape

communities. But how close to reality are the correlations between EF

and biodiversity? And why are so many research papers and their related

questions scale-specific? An excellent starting point would be Waide et al.

(1999), who performed an authoritative and extensive meta-analysis of

the correlations between biomass and/or production (both excellent
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Figure 1 Meta-analysis of the biomass/production and biodiversity relationships pub-
lished between 1967 and 1996, modified from Waide et al. (1999). For each of these
groups of organisms, the amount of biomass–biodiversity studies was set equal to
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proxies to quantify EF) and biodiversity published between 1967 and 1996,

summarized in Fig. 1.

The relationships between biodiversity and primary productivity show

the extent to which, under different scales, most controlling processes differ

as well, because biodiversity is not merely a simple function of primary pro-

ductivity, but it may feed back onto it (Adler et al., 2011; Fridley, 2001;

Hooper et al., 2005; Loreau et al., 2001). In reality, experimental

communities in the field (e.g. Dukes et al., 2005; Menge and Field,

2007) and in micro- or mesocosms (e.g. Benton and Beckerman, 2005;

Hunting et al., 2012; Reiss et al., 2011) represent one assemblage of

randomly chosen species from a virtually available species pool (Huston,

1997; Naeem, 2008).

According to Lepš (2001), this can be a problem with the design of ex-

periments, as the responses to change determining the success of an exper-

imental community must be viewed with caution, due to either species that
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avoid competitive exclusion under low productivity, or species adapted to

productive environments given the limited number of species able to com-

pete in high-nutrient environments. Regardless of the species pool and ex-

perimental design, if vascular plants (cormophytes) share a significant

response, they tend to have a bell-shaped (unimodal) biomass–biodiversity

relationship (cf. Adler et al., 2011; Fig. 1). In contrast, for algae, both bio-

mass/productivity proxies seem to have no linear response with increasing

biodiversity, and for herps, there is only evidence of direct linear correlations

with increasing diversity of amphibians and reptiles (Fig. 1).

Fishes are a powerful example for contrasting biomass–biodiversity cor-

relations: along a biodiversity gradient, does function respond linearly or

not? Considering that fishes are commonly overexploited (FAO, 2000) de-

spite their intrinsic capacity to respond to environmental changes, fish as-

semblages must be representative in their abiotic and biotic properties as

well as their faunal composition for a range of sites. The proxies for aquatic

and terrestrial invertebrates are even more contrasting, with direct correlates

with soil biodiversity less than three times more frequent than inverse cor-

relates (Fig. 1). If so, contrasting biomass–biodiversity relationships within

and between taxonomic groups might have clear implications for the

ecosystem.

During the same period of the extensive review by Waide and others,

Hector et al. (1999, 2002) published BIODEPTH, resulting in a flood of

B–EF studies showing robust linear trends on one side and strongly debated

statistical arguments on the validity of the experimental design on the other

(e.g. Cottingham et al., 2001; Huston et al., 2000). Few experimental

studies have since measured biodiversity and biomass production: in those

cases, discontinuous relations between biodiversity and productivity, rather

far from linearity, were shown (Boit et al., 2012; Roscher et al., 2008).

There is compelling evidence that process rates associated with animals

that influence ecosystem services vary with body size: small organisms vary

more rapidly in population density and behave differently from larger organ-

isms (Fenchel and Finlay, 1983; Huston and Wolverton, 2011; Sterner and

Elser, 2002), such as having a very different metabolic capacity per unit

biomass if an assemblage is comprised of many small versus a few large

individuals (Perkins et al., 2010). At individual and population levels,

plants exhibit contrasting responses to the animal framework of Table 1:

plants are mostly growing slowly in unfertile ecosystems (i.e. low eNPP),

although they may live longer. For animals, tradeoffs in physical,

biochemical and ecological constraints related to parental energy



Table 1 Predictions of ecologically and evolutionarily relevant properties for low and
high net primary production scenarios across organizational levels as defined by Huston
and Wolverton (2011); table modified (Michael Huston, personal communication) and
redrawn with permission from ESA

Low eNPP High eNPP

Culture,

socioeconomics

Small stature, short Large stature, tall

Low per capita income High per capita income

Malnutrition, vitamin

deficiencies

Good health, nutrition

Homes small, crowded Homes large, spacious

Low educational attainment High educational levels

Small social groups,

cooperation

Hierarchy social stratification

Community Facilitation, mutualism

common

Competition, aggression

common

Small species predominate Large species dominant

High species evenness Low species evenness

High species richness Low species richness

Species ‘K’ traits predominate ‘r’ and ‘K’ traits present

Sensitive to mortality Robust to mortality

Locally rare Locally common

Small average size Large average size

Population Low emigration rate High emigration rate

Low biomass density High biomass density

Low population density High population density

Low rate of increase High rate of increase

Individual Poor health, strength Good health, strength

Low longevity High longevity

Few or small offspring Many or large offspring

Low adult size High adult size

Low growth rate High growth rate

Low birth mass High birth mass

Ubiquitous biogeochemical effects of nutrients and proteins on organisms support at ecosystem level an
elemental-affected net primary production (eNPP).
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investment have been hypothesized to be responsible for many observed

body growth patterns and behavioural traits (e.g. Blomberg et al., 2003;

Bongers, 1999; Calder, 1984; Carbone et al., 2011; Guénard et al., 2011;

Hendriks and Mulder, 2008, 2012; Peters, 1983; Suding et al., 2003).

Many of these faunal attributes are mentioned in Table 1, such as

offspring number, dispersal rate, maximum lifespan and territory, and

vary predictably with the organism’s body size with respect to the species’

phylogenetic position (Guénard et al., 2011).

Body size remains a fundamental determinant of an organism’s ecology,

including territory and niche (Jenkins et al., 2007; Werner and Gilliam,

1984), and is one of the most-studied aspects of animal ecology (Blackburn

and Gaston, 1994; Isaac and Carbone, 2010). Therefore, we can

hypothesize that ‘body size’ might at least constrain the dispersal rate,

population density and ‘foraging’ of smaller organisms in a different way

from those of larger organisms (e.g. Castle et al., 2011; Finlay, 1998, 2002;

Foissner, 2006, 2008; Hagen et al., 2012; Mulder and Elser, 2009). And if

so, consistent relationships between bio(geo)chemistry and multitrophic

interactions will open exciting ways to assess EF (Friberg et al., 2011).
1.3. Aims of our study
While framing our questions on B–EF relationships is relatively straightfor-

ward, testing them is not. Biodiversity collectively refers to all aspects of bi-

otic diversity (Naeem et al., 1999) and its effects are believed to differ among

ecosystem types (Hooper et al., 2005; Schmid et al., 2009). To avoid possible

confusion, biodiversity will be used here for ‘biodiversity as a whole’, S

(species diversity) for taxonomic diversity and FD for functional diversity.

As Ghilarov addressed (2000: p. 410), any meaning of biodiversity for EF

is strictly dependent on the definitions of ecosystem types and EF; like

Ghilarov—and Lindeman (1942) before him—we adhere here to a

functional definition of the ecosystem, separated from the surrounding

‘environment’. For this purposes, we chose monophyletic ecological

assemblages (‘taxocenes’ sensu Hutchinson, 1978) as units to investigate

numerical abundance and species diversity relationships (Kaspari, 2001).

Productivity and species diversity are influenced by resource limitation and

nutrient supply (Allen et al., 2005; Brown et al., 2004; Hubbell, 2001;

Huston and Wolverton, 2009; Mulder et al., 2005a; Sterner and Elser,

2002). Hence, the total number of coexisting individual monophyletic

assemblages is hypothesized to reflect the ability to harvest and divide

energy within a single taxocene (Kaspari, 2001).
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Previous attempts to compare different monophyletic assemblages with

each other show an unrecorded parallel among insect, bird and plant species

(Thomas et al., 2004b). In an attempt to foster a new mechanistic debate,

which is important for understanding EF (Chapin et al., 2000), we selected

three characteristic taxocenes from the plant and animal kingdoms as well:

vascular plants (seagrasses and forest trees), terrestrial invertebrates (soil nem-

atodes and social insects) and freshwater fishes. These three taxocenes are

representative of two terrestrial systems, the ‘green world’ (Polis, 1999)

and the ‘brown world’ (Allison, 2006), and one aquatic system, the ‘blue

world’ (Fig. 2).We also focus on two harsh soils systems, the AtacamaDesert

with its hypolithic communities of underneath living phototrophs and the

Antarctic Dry Valleys with their extremely low biodiversity (Wall, 2008),

and two temperate, human-disturbed biota, the rivers of Ohio

(Burton et al., 2012), and agroecosystems across the Netherlands (Mulder

et al., 2011a–c).

Webelieve thatour studyhas broad implicationswith respect todeveloping

more effective management of our biotic resources and consequently we shall:
Blue world 

Green
world

Brown
world

Ecological
networks

Biological
stoichio-

metry

B–EF

Metabolic
scaling

Figure 2 Operational classification of the blue world (water compartment), the brown
world (belowground) and the green world (aboveground). The overlapping parts ad-
dress the kind of B–EF responses measured in this study for three independent
taxocenes (freshwater fishes, soil invertebrates and vascular plants). Photo credits: Scott
D. Dyer, Shigeta Mori and Winfried Voigt, respectively.
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1. analyze biodiversity–productivity relationships in the framework of EF

to provide empirical evidence for allometric scaling in reference to eco-

logical stoichiometry,

2. relate the environmental abiotics to presence, mass and abundance of or-

ganisms within taxocenes, to assess the importance of species traits that

can be seen as stoichiometrically similar and

3. investigate the extent to which aquatic and terrestrial communities com-

posed of species that are stoichiometrically similar may differ from those

where species have wide differences in their elemental composition.

2. SCALING B–EF
2.1. Implications of scaling

The scaling of the rates of organismal functions with body size in commu-

nities or ecosystems is effectively addressed by allometry, a central—

although still somewhat controversial—feature of ecosystems. Allometric

scaling has been successfully used, among others, in macroecology

(e.g. Arim et al., 2011; Brown et al., 2004; Jacob et al., 2011;

Nakazawa et al., 2011; Savage et al., 2004; Storch et al., 2007; West

and Brown, 2004), ecological stoichiometry (Mulder and Elser, 2009),

the assessment of human-induced biomass exploitation by fishing

(Jennings and Blanchard, 2004; Jennings et al., 1999), the impact of

global warming on freshwater communities (Dossena et al., 2012;

Yvon-Durocher et al., 2010, 2011a) and even for the characterization

of fossil food webs (Dunne et al., 2008).

The ecological implications of scaling are great. Figure A1 shows that

allometric diversity–yield relationships between species mass and species

density (mass–abundance) can be translated into ecological processes trans-

cending discrete boundaries. The metabolic rate, in particular, can be easily

estimated by allometric scaling (Enquist et al., 1999; Ernest et al., 2003;

Mulder et al., 2005b), with the metabolic respiration rate per capita, R, as

function of the individual organismal body mass m:

R/m
3/4 ½1�

A notable example of such research beyond biogeographical boundaries

comes from a continental transect across Asia, where the field investigation

of tree species of different ages (from saplings up to giant trees) is possibly the

best physiological example of macroecological scaling (Fig. 3, recalculated from

Mori et al., 2010) in which respiration and fresh weight were determined for
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440 trees. The respiration and photosynthesis of plants are opposite and revers-

ible chemical reactions: plant respiration is closely related to translocation of

photosynthate, uptake of soil nutrients, N-assimilation, protein turnover,

resulting in biosynthesis of new biomass (Amthor, 2000), although considerable

discussion on the actual implications of respiration is ongoing (Thornley, 2011

and references therein). Plant size is also known to scale inversely with foliar

nutrient (N and P) contents (e.g. Elser et al., 2010). The complexity of these

physiological processes makes the scaling of production and metabolism of

(photo)autotrophs an important and rapidly growing area in the field of global

change biology, especially because of the temperature dependence of the met-

abolic rates involved (Yvon-Durocher et al., 2010, 2012).
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2.2. Green world allometry
A mechanistic explanation which merges allometry with ecological stoichi-

ometry was hypothesized by Reich (2000): given that shaded species re-

stricted to the understory might allocate nitrogen differentially, the

saplings of tall trees can possibly allocate less nitrogen to photochemical

compounds—and proportionally more nitrogen to compounds directly in-

volved in CO2 fixation—than the saplings of shorter species. Different light

responses and nitrogen allocations are well-known for many plants, such as

the Solidago altissima forb investigated by Hirose andWerger (1987), lending

empirical support to this hypothesis.

A further comparison of the trend embedded in Fig. 3 at a finer scale

reveals that although the predicted respiration rates (mmol CO2/tree/s) for

small adults are rather comparable, the differences between gymnosperm

and angiosperm saplings and between their respective adults are remark-

able (Fig. 4). This occurs for both the aboveground masses and for the

whole trees and enables the investigation of the magnitude of carbon

uptake and loss through CO2 exchange (Fig. 4). Mori et al. (2010)

selected trees of various heights and ages spanning from the smallest to

the largest tree species in each forest to cover the full width of individual

respiration rates.

It must be noted that in any forest community, the depressed trees with a

small amount of leaves are not always the smallest tree species. Therefore,

some of the smallest trees have much of their adventitious branches adapted

to the environments in a forest canopy gap, and relatively high specific res-

piration rates per individual mass in contrast to dominant tree species.

Smaller trees determine the understory and play therefore an important role

in maintaining the sustainability of natural forests.

The observed differences between angiosperm and gymnosperm trees were

unexpected. Ernest et al. (2003) compared the plants with metazoan taxocenes

and found that the metabolic scalings for either ‘all plants’ or ‘all organisms’ (i.e.

387 plants and 360 metazoans pooled together) were 3/4 (absolute) and �1/4
(mass-specific). Metazoan mass-specific metabolic rates with body mass can

change (Glazier, 2005, 2010; Lovegrove, 2000; White, 2010), among others

due to different thermal responses across life stages (Forster et al., 2011),

whereas the protozoan metabolic rates can even be completely unrelated to

their body mass (Makarieva et al., 2008). Protozoan metabolism deviates

from allometric scaling rules: protist groups are widely scattered all over the

eukaryotic tree of life (Adl et al., 2005), differ fundamentally in morphology
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0.0001 0.00013 0.00022 0.57
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0.01 0.007 0.010 0.68

0.1 0.05 0.06 0.75

1 0.3 0.4 0.82

10 2.4 2.7 0.90

100 17.5 17.9 0.98

1000 126.2 117.7 1.07

10,000 908.24 774.11 1.17
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Fresh weight
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Gymnosperm

(mmol CO2)
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(mmol CO2)

Respiration rate

(adimensional)

0.0001 0.00011 0.00023 0.51

0.001 0.0008 0.0015 0.56

0.01 0.006 0.009 0.62

0.1 0.04 0.06 0.69

1 0.3 0.4 0.76

10 2.1 2.6 0.84

100 15.3 16.5 0.93

1000 109.7 106.9 1.03

10,000 784.15 691.67 1.13

Figure 4 Plant physiological efficiencies for gymnosperm and angiosperm trees as predicted by the scaling analyses for the aboveground part
(upperpanel) and thewhole-treeweight (lowerpanel). In theheaders from left to right, the freshweightof theplant (kg shoots), the tree respiration
at 20 �C inmmol CO2 forecasted for gymnosperms and angiosperms, and the physiological efficiency rate between gymnosperm and angiosperm
trees of the sameweight. The aboveground part of angiosperm saplings is about two times as efficient in the respiration rate as the shoot of gym-
nosperms of the same weight. For taller trees (>100 kg fresh shoot weight), the switch in the aboveground respiration for (adult) gymnosperms
versus angiosperms is expected tooccur around600 kg fresh shootweight. For thewhole tree, angiospermsaplings remainmuchmoreefficient in
the respiration rate than gymnosperm saplings or small adults. Physiological efficiency switches for whole-tree respiration are expected to occur
between 100 and 1000 kg. Raw data from Shigeta Mori.
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and can show contrasting relationships between metabolic rates and body mass

(Makarieva et al., 2008; Reiss et al., 2010).

According to the data ofMakarieva et al. (2008), themetabolic rate of free-

living amoebae scales with their body mass to the �1/6 power, opposite to

non-amoeboid parasites (i.e. human endopathogenic protozoans) whosemet-

abolic rate scaleswith bodymass to the 1/6 power.One feature is thatwemight

speculate that non-amoeboid parasites are adapted to constant, high temper-

atures and downregulate gene expression or even lose genes as organelles, that

is, mitochondria, are commonly lost by such parasites (Cavalier-Smith, 1993;

Walker et al., 2011). Thus,wemayneed to take the external conditions, that is,

the host, into consideration to evaluate metabolic rates or generally treat

obligate parasites separately. Another feature is that in the case of free-living

protist groups, this might indicate that locomotion in viscous water is less

energy demanding for amoebae which move forward attached to surfaces

and do not swim actively like ciliates and flagellated organisms. Amoebae

were already regarded by Fenchel and Finlay (1983) to be metabolically

different from other protozoans. In summary, currently available data do

not enable the recognition of global allometric trends between and within

all taxocenes occurring in the green, brown or blue worlds.

2.3. Allometry and management
These allometric approaches to B–EF relationships have been applied in-

creasingly in the real-world setting of assessing human impacts on fisheries

and understanding the causes and consequences of the current global col-

lapses in fish stocks. On a local scale, the taxocene that describes the fish as-

semblage provides not only critical ecosystem processes but also goods and

services of huge economic value to humans. The historical correlations be-

tween density-dependent stocks, mesh size, fishing efforts and resulting

overexploitation are clearly evident (e.g. Cardinale and Svedang, 2004;

Jackson et al., 2001; Walters and Maguire, 1996) and have consequently

contributed to make allometry an accepted tool in fisheries and marine

sciences (Jennings, 2005; Shin et al., 2005; White et al., 2008; Section 4.5).

Despite the abundance of papers unravelling aspects of the blue world,

fewer examples are known for the green and the brown world. Although a

comparable correlation between canopy density and forest productivity also

seems to be a representative example of B–EF congruences, the data byMori

et al. (2010) also show B–EF incongruences between the metabolic scaling

of angiosperms and gymnosperms (Fig. 4). Lumping the variability of
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individual metabolism in a community (e.g. roughly comparing angio-

sperms with gymnosperms or evergreen trees with deciduous trees) sums

over the limits of forecasting (Fig. 3).

Our findings might have implications for different aspects of forest man-

agement: in conservationmanagement, significant carbon stocks are protected

in living biomass, whereas in sequestrationmanagement, carbon is retained in

ecosystems by (increasing) reforestation. The decomposition process of con-

verting the organic carbon in the (surface or root) litter to CO2, making ni-

trogen available for plants without rhizobia, is influenced by the chemical

nature of carbon compounds (cellulose vs. lignin), by the kind of mycorrhi-

zal symbiosis, by root exudates and by the microbial pools (bacteria vs. fungi)

that support plant life and therefore ultimately underpin terrestrial EF

(Beerling and Woodward, 2001; Gams, 1992; Lynch and Whipps, 1990;

Moore et al., 2004).

Although the capability of plants to sequester carbon and emit CO2 to

the atmosphere varies across species (Bala et al., 2007), allometry has been

used scarcely to forecast or manage global changes (Fahey et al., 2010).

Size-related allometry provides dynamic tools for wild and domestic popu-

lation management, such as in the framework of restoration ecology, reduc-

ing carbon footprints and implementing activities to minimize deforestation

effects. Despite many countries focusing on conservation (e.g. planted trees

must belong to native species) or thinning wood, a sustainable agroforestry

management should avoid the current large-scale recommendation of gym-

nosperm trees (such as in United Kingdom, see www.direct.gov.uk/

thebigtreeplant, and in the United States, see http://apps.fs.fed.us/fido) be-

cause the different capabilities of gymnosperm and angiosperm adults to emit

CO2. Such considerations will surely demand more attention during the

planning of afforestation projects in the near future, especially given the in-

creasing socioeconomic momentum behind developing low-carbon-based

economies.

3. CONSTRAINING B–EF

3.1. Allometry rules the world

There is a need to investigate B–EF to gain understanding of the biological

and ecological factors underpinning sensitivities and traits of species in the

context of environmental stressors. In the previous sections, we show the

extent to what EF may become recognizable with macroecological ap-

proaches such as allometric scaling. Allometry is a suitable method to assess

http://www.direct.gov.uk/thebigtreeplant
http://www.direct.gov.uk/thebigtreeplant
http://apps.fs.fed.us/fido
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the emergent characteristics of large data sets of organisms (Jonsson et al.,

2005; Marquet et al., 2005). According to Brown et al. (2004) and

Marquet et al. (2004), the fundamental rules of chemistry, physics and

biology provide the means to link individual organisms and their populations

to ecosystems and their ecological processes. However, although ‘it is clear

that scaling relationships hold best when examining patterns across a wide

spectrum of body sizes’ (Tilman et al. (2004): p. 1798), Brown and Gillooly

(2003) show that separate taxocenes derived from small data sets exhibit

biomass and mass–abundance scaling relationships that can be opposite from

the scaling relationships for all data sets together (Cohen et al., 2003). These

divergent relationships raise the question about predictability of species

sensitivity to stoichiometrically driven processes, even within comparable

size classes. For instance, certain taxa sharing comparable sizes may occupy

the most extreme trophic positions not only in a food web but even within

a loop, as in the case of viruses as top predators (despite their viral host

specificity) and bacteria as basal producers (e.g. Thingstad, 2000). Therefore,

it seems difficult to always extrapolate (opposite) results to a wider context,

although similarities in the response of phyla and biota become more evident

as soon as studies are addressed across scales.

Some, but not all, organisms can be easily identified at species level and a

comparable methodology does not per se imply equivalent taxonomic reso-

lution: microbial taxa, which drive so many ecosystem processes, remain a

particular challenge in this respect (Mulder et al., 2005a,b, 2009; Purdy et al.,

2010; Reuman et al., 2009). Regardless of their Latin binomial, all taxa

within one community can be modelled using either the unbinned body

mass (size) versus numerical abundance scaling or the binned biomass-size

spectrum. Successful examples on large-scale investigations come from

the blue world (Clarke and Johnston, 1999; Cohen et al., 2003; Killen

et al., 2010; Pope et al., 1994, 2006), focusing on traits for behavioural

adaptation (like in the case of suspension feeders: Goldbogen et al., 2012;

Jeschke et al., 2004; J�rgensen, 1966). Investigations on whales in

particular show extreme trophic positions in pelagic ecosystems, because

the huge baleens are not only able to feed on very small prey (Goldbogen

et al., 2012; Jacob et al., 2011), in contrast to toothed whales and teleosts,

but are specialized to feed on patchy resources. Moreover, trophic levels

do not imply a discrete body size (Borgmann, 1987), for although sharing

the same trophic level across a wide size distribution, phytoplankton

belonging to smaller size classes may achieve faster nitrogen uptake rates

than phytoplankton belonging to large size classes (Hein et al., 1995).
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This is in contrast to the nitrogen uptake by zooplankton, whose smaller

individuals are forced to feed on algae only and whose larger individuals

can feed on both phytoplankton and zooplankton (Boit et al., 2012; Fry

and Quiñones, 1994; Ptacnik et al., 2010). Body size is thus a

fundamental trait for both autotrophs and heterotrophs, as a taxon

occupies in a size-based model a much more defined position than it does

in a trophic level model’ (Cohen, 1994; Cousins, 1980).

Body size can also greatly influence ecological interactions among terres-

trial organisms, although perhaps less obviously so than in the blue world,

with important consequences at the community and ecosystem level

(Yvon-Durocher et al., 2011b). The metabolic scaling of a given organism

(Calder, 1984; Damuth, 1981, 1991; Peters, 1983) is one of the best

examples of B–EF because functional scaling is species-independent (i.e.

unrelated to taxonomic diversity). Across species and within one or more

taxocenes, many physiological models may hold. Figure 5 shows that

pollinating insects (here, some extremely diverse bees, wasps, butterflies

and moths) can cover the entire allometric range of reported

measurements. The metabolic rate (R) of all insects (data recomputed

from the publicly available data of Chown et al., 2007) scales with insect

mass to the 0.87 (�0.02 SE) power, but different metabolic scaling

exponents are recognizable within finer taxonomic groupings. Scaling

with mass to the 0.78 (�0.06) and the 0.72 (�0.03) power, respectively,

hymenopterans and coleopterans are the groupings closest to the scaling

exponent for the metabolic rate for all insects. In the upper part of

the scatter-plot of Fig. 5, the metabolic rates of lepidopterans and

orthopterans scale to the 0.67 (�0.06) and the 0.60 (�0.09) power,

respectively (much lower than the isopterans, which scale isometrically

with mass to the 1.04 (�0.18) power). Some dipterans, hemipterans and

coleopterans (two genera of Curculionidae) have the lowest metabolic

rate among all insects. Given the ubiquity of insects in freshwater

ecosystems, their different allometric scaling must have implications for

the blue world as well and should be addressed in the future.

3.2. How local biodiversity determines individual abundances
at taxocene level

The number of species is believed to be particularly critical for B–EF in environ-

ments with low biodiversity, where there is less scope for redundancy to be

manifested (i.e. 1–10 species; Wall, 2007). For protozoa and microorganisms,
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rare species are likely tocompose themajorityof specieswithinahabitat (Dawson

and Hagen, 2009; Finlay, 1998). Less abundant microorganisms might have

pronounced bottom-up effects, as shown for several bacterial species under

lab conditions (Höppener-Ogawa et al., 2009). This holds for soil

invertebrates as well: in the McMurdo Dry Valleys of Antarctica, there may

be three to five (or even fewer) nematode species (Moorhead et al., 2002;

Treonis et al., 1999, 2000). However, the numerical abundances of

nematodes in pristine Antarctica can be comparable to those of temperate

agroecosystems (Fig. 6), in apparent contradiction to the More Individuals

Hypothesis (MIH), as originally defined by Srivastava and Lawton (1998),

who related the higher biodiversity of productive locations to the ability of such

sites to support large populations of each species. However, although the most
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Figure 6 What do the extreme desert of the Taylor Valley in Antarctica and one recov-
ered sea clay in the Netherlands have in common? One soil sample might contain an
almost equal abundance of soil nematodes, but with greatly contrasting numbers of
species. Photo credits: Diana H. Wall/Emily Stone (A) and Christian Mulder (B).
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productive sitesof that study(physically isolatedwater-filledmicrohabitats suchas

tree holes; see furtherHagen et al., 2012) containedmore species (Srivastava and

Lawton,1998), thiswasnot amatterofmore individuals, as the increase in species

richnesswith productivity occurred onlywhen the energy amountwas reduced.

Assuming that the opposite holds as well (the fewer the species, the lower

the total abundance), smaller populations under low productivity are likely

to be prone to extinction. In that case, the polar deserts are a unique excep-

tion, because they do not only support fewer species, but exhibit large

populations with far more individuals (Wall, 2007, 2008). The low

human-induced disturbance in most deserts makes such environments

attractive to assess the ecosystem responses to climate and therefore, other

drylands received more attention as well. Recently, Maestre et al. (2012)

clearly show that sustainability and multifunctionality (defined, among

others, as the ecosystems’ ability to maintain productivity, to support

carbon storage and to buildup nutrient pools) are positively related to

species richness. Deserts like those investigated by Maestre et al. (2012)

and the Antarctic Dry Valleys are most valuable to test the MIH because

drylands are less affected by sampling effects and patchiness, in contrast to

fragmented landscapes such as the moss carpets of Gonzalez et al. (1998).

Deserts can therefore reveal the key function (if any) of biodiversity sensu

lato under environmental stress.
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To test the MIH model of Srivastava and Lawton (1998), we analyzed

the nematofauna from 200 agroecosystems with different habitat fertility

(Mulder and Vonk, 2011), that is, productivity proxies: in contrast to the

first study, where the authors used debris, we used primary nutrients to char-

acterize productivity. Being the Shannon-Wiener index function of the

(number of) species and given that higher values indicate even species dis-

tribution, Fig. A2 shows a hump-shaped relationship for both the exponen-

tial Shannon index and the taxonomic diversity of nematodes. Soil fertility

(i.e. resource supply) and nematode species richness seem there to be

interdependent (a classical B–EF example), indirectly supporting the histor-

ical paradigm that productivity drives species richness in contrast to the con-

temporary view that species richness drives productivity (Cardinale et al.,

2009; Gross and Cardinale, 2007). However, such a set of variables might

have a predictive power that dynamically changes in space (e.g. Hurlbert

and Jetz, 2010; Huston, 1994, 1997; Loreau and Hector, 2001), possibly

due to sampling bias or species competition, and in time (e.g. Kaspari

(2005) for temperature and Yee and Juliano (2007) for phenology).

Spatial scaling predicts a positive decelerating relationship between

abundance and species richness in a way comparable to theMIH: in the sam-

pling hypothesis, for a given species pool, a tropical plot should per se contain

more species than a low-productivity boreal plot. Kaspari et al. (2003) tested

this by randomly sampling simulated m2 plots with 1, 2, . . .n individuals

from the measured species pool for a site and compared that curve with those

observed.Where species richness versus total abundance relationships is pre-

dictable, it is at such a large aggregation that abundance reflects immigration

and/or extinction processes, an intriguing topic when considering that over

100 ant species can be found in 100 m2 of forest (Kaspari et al., 2001).

To test the extent to which EF increases with biodiversity, we plotted

several communities of invertebrates, from ants in pristine rainforests and

temperate forests up to nematodes and non-flying arthropods in deserts in

the southern hemisphere. All numerical abundances in Fig. 7 were

converted to densities per m2. Assuming the N of the entire population

within one taxocene represents a proxy for local resource availability, the

taxonomic diversity within one taxocene (e.g. the number of arthropod spe-

cies) scales directly with the abundance of all individuals (e.g. all the arthro-

pods of a given location as in Mulder et al., 2005a). All significant

species–density relationships of Table 2 follow power laws with exponents

smaller than ½ (i.e. the total species diversity within one taxocene increases

monotonically with abundance N), whereas density–species relationships
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follow power laws with exponents larger than 1 (i.e. the total abundance

within one taxocene increases with species diversity S, cf. Fig. 7).

All macroarthropods in Fig. 7 had R2¼0.66 (P<0.00001), rejecting the

null hypothesis of no correlation between density N and diversity S. With

different combinations, including or excluding soil and litter invertebrates,

respectively, the results for the taxocenes are given in Table 2, along with the

regression lines of density as function of biodiversity and vice versa. Assum-

ing that resource availability within a sampling area is homogeneous, differ-

ent distributions become recognizable, irrespective of environmental

conditions: smaller animals belonging to the micro- and the mesofauna



Table 2 Scaling at different aggregation levels of the total density N as function of biodiversity S and vice versa for the invertebrates shown in Fig. 7
ID Faunal taxocenes Environment types Plots N scales to S S scales to N Pearson's r Variance

explained (%)

A Microfauna Soil and litter 142 2.24�0.17 0.25�0.02 0.742*** 55.1

A1 Free-living soil nematodes Soil 120 1.70�0.26 0.16�0.02 0.521*** 27.1

A2 Moss-inhabiting nematodes Litter 22 3.15�0.34 0.26�0.03 0.901*** 81.2

B Mesofauna Soil 246 1.98�0.12 0.27�0.02 0.733*** 53.7

B1 Mites and other microarthropods Soil 146 1.24�0.13 0.32�0.03 0.635*** 40.3

B2 Enchytraeids Soil 100 �0.21�0.16 �0.09�0.06 �0.136 <2

C Macrofauna Litter and canopy 259 1.42�0.06 0.46�0.02 0.809*** 65.5

C1 Litter macroarthropods Litter 225 1.40�0.06 0.49�0.02 0.831*** 69.2

C2 Canopy macroarthropods Canopy 34 1.26�0.24 0.37�0.07 0.680*** 46.3

Partial aggregation

AþB2 Enchytraeidsþnematodes Soil and litter 242 2.18�0.14 0.23�0.01 0.704*** 49.6

A1þB Soil microþmesofauna Soil 366 2.04�0.10 0.25�0.01 0.721*** 52.0

B1þC MicroþMacroarthropods Soil, litter and

canopy

405 1.66�0.13 0.17�0.01 0.529*** 28.0

Complete aggregation

AþBþC All taxocenes together Soil, litter and

canopy

647 1.48�0.11 0.15�0.01 0.472*** 22.3

N and S values were log10-transformed tomeasure strength and direction of their linear dependence by the Pearson’s correlation coefficient and the standard error. Such base-10 log–log
linear regressions can be easily transformed in power laws. Besides enchytraeids (P¼0.179, implying a random, non-linear relationship), all these linear relationships were significant:
***(P<0.00001). Note the steepness increase in abundance–biodiversity relationships from the larger-sized macroarthropods (here: colony ants under pristine conditions) down to the
microarthropods (mites and collembolans) and nematodes.
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24 Christian Mulder et al.

Author's personal copy
(like nematodes, enchytraeids, mites and collembolans) clearly have a much

higher average density per species than is true for larger macroarthropods

(ants, beetles, etc.). Although taxocenes showed significant positive corre-

lations between biodiversity and total abundance, enchytraeids showed

no significant trend (Table 2).
3.3. The extent to which scaling changes between taxocenes
The way in which the correlation between densityN and number of species

S changed between taxocenes may largely be interpreted as secondary

tradeoffs (demographic responses to abiotic or biotic factors sensu Suding

et al., 2003). In 2006, Meehan classified the occurring taxa in his brown

world study into two broad guilds: ‘Grazers’, including soil nematodes, orib-

atid mites, collembolans and enchytraeids, and ‘Carnivores’, including

spiders, ants, chilopods and non-oribatid mites (these in apparent contrast

to freshwater literature, where grazers typically mean consumers of algae

and carnivores do not per se imply only piscivorous fishes). Notwithstanding

the difference of more than five orders of magnitude in the total faunal

density N (Fig. 7), for differently sized invertebrates the slopes of the

density–biodiversity regression lines were 1.42, 1.98 and 2.24 for litter

and soil macrofauna, mesofauna and microfauna, respectively (Table 2).

The exclusion of litter macroinvertebrates from our log(N) on log(S)

analysis makes the slope of the regression line steeper than lumping all in-

vertebrates together. This was expected, given that invertebrates using dif-

ferent resources (i.e. different fractions of energy supply, as in the case of

litter vs. canopy arthropods), collectively deplete energy more effectively

(Kaspari and Weiser, 2012). Hence, scaling to higher levels of aggregation

may track the ecosystem’s productivity (eNPP)more accurately (Kaspari and

Weiser, 2012). Scaling varied markedly between taxocenes, from the nu-

merical abundance of Neotropical canopy ants (highest eNPP), which scale

to the 5/4 power of (high) species diversity, up to the abundance of Antarctic

nematodes (lowest eNPP), which scale to almost the 7/2 power to their (low)

species diversity (Table 2).

Conversely, the log(S) on log(N) functions show a sharper increase

in steepness, varying from 0.25 to 0.27, and finally 0.46 for macrofauna,

mesofauna and microfauna, respectively. The coefficients of variation

(CVs¼100�SD/degree average) for diversity S, as predicted by

density N, were higher than for density N as predicted by diversity
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S (32.7% vs. 9.4%, respectively). Again, the power scaling differs from the

species diversity of litter nematodes, which scales to the 1/4 power to their

numerical abundance, up to the species diversity of litter arthropods, which

scales to the ½ power to their numerical abundance (Table 2). This reflects

an antagonism between belowground ‘Grazers’ and ‘Carnivores’, as the bio-

diversity of the entire ‘Grazer’ group scales to the 1/4 power of the total group
and the biodiversity of the entire ‘Carnivores’ group scales to �½ power of

the total group (Section 3.2).

Our results reflected those from other macroecological studies. Marquet

et al. (2005) found linearity of log-transformed total number of species S ver-

sus log-transformed mass average �M : for South American mammals, their

log(S) on log(M) slope was close to �3/4. If we assume an isometric

mass–abundance scaling (a log(M) on log(N) regression slope equal

to �1, implying a constant biomass across populations), then N / �M�1

(Cohen et al., 2003; Mulder et al., 2005b; Woodward et al., 2005a). In

Table 2, however, all soil invertebrates belonging to micro- and

mesofauna (nematodes, enchytraeids, mites and collembolans) share

S¼N0.25. If we merge these two equations together, we get for our soil

invertebrates

S¼N 0:25¼ �M0:25�1¼ �M�0:75 ½2�
as expected from general metabolic scaling and macroecological theory

(Marquet et al., 2005; Storch et al., 2007; Wardle, 2006) and as

empirically supported by randomly chosen assemblages of soil nematodes

(Mulder and Vonk, 2011).

There are a few exceptions to this law (Eq. 2) in soil food webs, one of

which is the enchytraeids, which occupy only one trophic level (this

taxocene comprises strictly peripheral consumers of microbial resources).

In high productivity grasslands, soil microbivores like enchytraeids seem

to be the most sensitive to density-dependent regulation according to clas-

sical theory (Lack, 1954), but the relationship between the species diversity

and density of enchytraeids is the only non-significant correlation in Fig. 7.

Already in 1982, Standen recognized a certain tendency for sites with few

enchytraeid species to have high abundances (Standen, 1982), while sites

with many enchytraeid species rarely achieve high abundances (see also

Standen, 1980). The possibility that this ecologically important size-scaled

taxocene is also stoichiometrically different from others (like soil nematodes)

merits further investigation in the future.
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4. PREDICTING B–EF
4.1. B–EF and functional redundancy in the blue world:
Theoretical background
Generalist feeding strategies and omnivory are well-known in the food web

literature (e.g. Gilljam et al., 2011; Woodward et al., 2010a). Therefore, a

quantification of the degree of redundancy within food webs, either as

interspecific or intraspecific (if at different life stages) differences in

trophic position and diet, is crucial for B–EF modelling. In contrast to

empirical studies, where complexity provides according to Polis (1998)

‘an interwoven matrix that holds . . . a community together’, few studies

have really addressed the role of the redundancy within a predator–prey

matrix (Reiss et al., 2009). The assignment to a specific guild (trait) is

important because it determines the amount (and vertical direction) of

possible links. For the classification of freshwater fish species, we followed

Goldstein and Simon (1999) and Goldstein and Meador (2004). Fish

species are good indicators of freshwater ecosystems health (e.g. Simon,

1999) and cover many feeding types (Attrill and Depledge, 1997). We

assigned fishes to five main feeding guilds: planktivore, detritivore,

invertivore, herbivore and carnivore sensu stricto (Table 3).

Assuming that no species is isolated and that all species are part of one

network with more subunits, then possible trophic links depict

consumer–resource interactions within the fish assemblages (Table 4 shows

empirically validated trophic links as recorded in current literature). After

Winemiller (1989), Martinez (1992) and Dunne et al. (2002, 2004),

interaction richness is defined as the trophic links L per species S, also

referred to as link density, and by connectance C. If both interspecific

and intraspecific effects are considered, C is defined as

C¼ L

S2
½3�

and if intraspecific effects are not considered, that is, the realized fraction of

all pair-wise interactions, besides cannibalism, as

C¼ L

½S�ðS�1Þ� ½4�

C as defined in Eq. (3) is used more frequently, and termed ‘directed con-

nectance’ (Beckerman et al., 2006; Ebenman and Jonsson, 2005; Martinez,



Table 3 Lessons from stress ecology. Abiotic predictors are known to affect the
occurrence of fish species (e.g. Hawkins, 2006; Hendrixson et al., 2007; Posthuma and De
Zwart, 2006), albeit fish traits are influenced as well, as expected by the relevant
properties across taxonomical and organizational levels from Table 1 (Huston and
Wolverton, 2011; but see Sterner and Elser, 2002). The fish traits at population level are
based on species assignment according to Goldstein and Meador (2004); traits at
individual level are based on empirical data across the State of Ohio
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1991). The ‘link density’ is also known as linkage density (Pimm et al., 1991;

Winemiller 1989, but see the original definition in Briand, 1985).

To avoid confounding C of different food webs by differences in sam-

pling methods, we focused in the next section on a consistent methodology

(Havens, 1992; Martinez, 1993; Romanuk et al., 2009). Rather than

computing the link density as the number of realized trophic interactions

per locally occurring species, we chose an adapted taxocene-specific web

connectance (hereafter, Ct as in Fig. A3), where the proportion of all

trophic links between fish species (i.e. who eats whom but not who eats

what) that are realized in one fish assemblage as derived from the matrix

in Table 4. Ct reflects either a dominance of generalists (high Ct values:



Table 4 Predator–prey matrix showing the dominant freshwater fish species occurring
in 18 rivers of Ohio, horizontally and vertically ranked according their average fresh
weight. Rows as resources, columns as consumers, black cells the realized trophic links
the largest consumer (predator) is plotted upper left of the table, the smallest consumer
(Etheostoma nigrum feeds on eggs of other fishes) is plotted bottom right. More details
in Table A1
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Preys
Pylodictis olivaris 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Moxostoma anisurum 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Aplodinotus grunniens 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Ictalurus punctatus 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Carpiodes cyprinus 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Moxostoma breviceps 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Moxostoma duquesnei 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Moxostoma erythrurum 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Minytrema melanops 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Micropterus dolomieux 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Pomoxis nigromaculatus 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Pomoxis annularis 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Dorosoma cepedianum 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Hypentelium nigricans 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Ameiurus natalis 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Micropterus punctulatus 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Catostomus commersonii 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Micropterus salmoides 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Ambloplites rupestris 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Perca flavescens 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Esox americanus 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Lepomis gulosus 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Nocomis micropogon 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Lepomis gibbosus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Noturus flavus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Lepomis macrochirus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Lepomis cyanellus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Lepomis megalotis 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Semotilus atromaculatus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0 0
Percina caprodes 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0 0
Notemigonus crysoleucas 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0
Luxilus cornutus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0
Luxilus chrysocephalus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0
Lepomis humilis 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0
Lampetra aepyptera 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0
Percopsis omiscomaycus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0 0
Umbra limi 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0 0
Campostoma anomalum 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0
Cottus bairdii 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0 0
Clinostomus elongatus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0
Phenacobius mirabilis 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0
Notropis photogenis 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0
Percina maculata 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0 0
Cyprinella spiloptera 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0 0
Etheostoma blennioides 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0
Hybopsis amblops 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0
Pimephales notatus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0 0
Notropis atherinoides 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0
Lythrurus umbratilis 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0
Notropis buccatus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0
Lythrurus fasciolaris 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0
Pimephales promelas 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0 0
Phoxinus erythrogaster 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0
Fundulus notatus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0 0
Notropis stramineus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0 0
Labidesthes sicculus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0
Etheostoma flabellare 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0 0
Notropis volucellus 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0
Etheostoma caeruleum 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0 0
Etheostoma zonale 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0
Etheostoma spectabile 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0
Etheostoma nigrum 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 1 0
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omnivory and piscivory dominate) or a skew towards specialists (low Ct

values: high sensitivity to environmental stress and low resilience).

The definition of species categories in a food web determines the inter-

actions (these two issues are mutually dependent for Cousins, 1996: p. 244)

and static food webs use aggregate attributes like connectance to predict

other aggregate attributes, such as the proportion of omnivores (Loreau,

2010: p. 56). However, based on our empirical knowledge of both
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species-related traits and size-related guilds within the Pisces monophyletic

taxocene, theCt proportion of all links is suggested to reflect the dominance

of piscivory without requiring a more systematic data structure.

Hence, being unrelated to other compartments or taxonomical groups,

Ct values indirectly represent the mutual fish behaviour within one taxocene

(Fig. A3), analogous to intraguild predation, which is a common feature

of many food webs, especially in the blue world (Woodward et al., 2010b).
4.2. Inland water biodiversity: Effects of landscape
complexity on B–EF

4.2.1 Streams and ecoregions
Fishes are mobile and useful to assess large-scale (and long-term) effects be-

cause many species cover a wide area during their lifespan. The taxonomy of

fish is well defined, reflecting their importance as a food resource. Three

American Midwestern ecoregions presenting a comparable number of sam-

pling sites were selected for a pilot study on Ohio fish assemblages: Eastern

Corn Belt Plains, Erie Drift Plain and Western Allegheny Plateau (Fig. A4).

These North-American regional communities were used to quantify and

compare the variation in fish body mass and the properties of individuals,

populations and assemblages across ecoregions.

An ecoregion is defined here as a unit of land that is homogenous with

respect to multiple landscape characteristics such as geology, soil character-

istics, natural vegetation and climate (after Wagner et al., 2007). The under-

lying assumption behind the use of ecoregions and watersheds is that

classification of surface waters will reduce natural within-class variation of

biological and ecological data (Gerritsen et al., 2000). Streams within

ecoregions generally respond in a broadly similar manner to comparable

management practices (Lyons, 1989), although heterogeneity in physical

habitat and water quality conditions may confound themeasurement of their

biotic responses (cf. Feld et al., 2011; Friberg et al., 2011; Hawkins, 2006;

Larrañaga et al., 2010; Toepfer et al., 1998).
4.2.2 Computational methods
Fish species and their assemblages (numerical abundance, body size and inter-

actions) are hypothesis to reflect environmental conditions (e.g. Feld et al.,

2011; Layer et al., 2010, 2011). Our analyses of the freshwater fish

assemblages were performed at different levels: firstly, via the construction
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of networks for sites sampled in a comparable way and secondly via the

calculation of size spectra and power laws to describe network topology.

At the first level, we used the US-EPA raw counts and body mass of in-

dividual fishes in the State of Ohio (www.epa.gov). After data mining, we

had 2656 fish taxocenes sampled in different ways. Electrofishing (often in

conjunction with seines or nets) was the principal sampling methods for fish

individuals in wadeable and boatable streams (Flotemersch, 2001): in wade-

able streams, block nets are placed downstream and upstream of the sampling

pool, in contrast to boatable streams, where boat-based electrofishing is done

throughout.

At the second level, an allometric assessment of the fish size distribution

was performed. We conducted analyses for the 2656 locations on possible

deviations from linearity of the upper tail of the binned biomass-size spec-

tra: reflecting the use of different sampling methods, the 534 boatable

streams exhibited three times lower standard deviations than the 2132

wadeable streams (0.0787 SD vs. 0.2440 SD, respectively). Based on the

allometric uncertainties in biomass estimates as derived from the size spec-

tra for all the locations (summarized in Fig. A5), we chose a subset of 302

locations unaffected by either habitat heterogeneity, sampling bias or sur-

vey differences, aiming for a consistent sampling methodology (in our case,

boatable streams).

Some of these fish assemblages will be discussed in the next sections. In

particular, we investigated whether the food web structure within one

taxocene might be relatively vulnerable to different static deletion sequences

to diagnose the magnitude of changes in biodiversity, for example, through

potential fish extinctions caused by ecological impacts in rivers, and allowing

for a more effective environmental management. We shall use three differ-

ent deletion scenarios:

1. the ‘connectivity descending’ scenario (we will erode from the top of

the food web where the most connected nodes are, thus well-

connected hubs will get removed as first, so it is likely that we remove

a top predator and only that node is gone and neighbouring nodes get

isolated),

2. the ‘connectivity ascending’ scenario (we will erode from the basis of the

food web where the less connected nodes are, thus we will get inevitably

a high probability of removing a resource which will starve its consumers

and the web will collapse with several secondary extinctions) and

3. the ‘random’ scenario (intermediate simulation, removing nodes ran-

domly from the top, the middle and the bottom of the food web).

http://www.epa.gov
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4.2.3 Can a web be robust?
Most studies in the last decades have focused on the values of biodiversity.

When considering wide ranges in body size, species richness cannot have

one value per se, even if consistent resolution is used (Leaper and Raffaelli,

1999). These authors showed that different taxonomic resolutions affect al-

lometric scaling and they advocated the use of evenly resolved taxa (for in-

stance, all nodes at either species level, genus level or as life stages). The

horizontal axis of Fig. 8 shows a clear increase in the fish species diversity

(CV¼36%, from 13 species up to 40 species) and the scatter suggests a

(weak) inverse correlation between the species diversity of the ecological

networks S and connectanceCt (Pearson’s product–moment correlation co-

efficient of �0.41, P¼0.090), in partial agreement with theory (Havens,

1992; May, 1972; Winemiller, 1989). Connectance typically shows

greater variability for low-diversity aquatic webs, but 2/3 of our aquatic

webs fall into a narrow range between L/S2¼0.2 and 0.3. For

comparison, only 1/5 of the soil food webs addressed in Section 6.1 fall

into the same 0.2–0.3 range (4/5 share L/S2<0.2). These results are

notable because such differences in connectance values imply that fishes

attack up to three times more often other individuals within their own

taxocene than soil nematodes do.

A second feature that the food webs have in common is that although the

linkage density shows a strong direct correlation with biodiversity both in

the blue and brown worlds (Pearson’s r¼correlation coefficient of 0.90,

P<0.00001 for the 18 freshwater food webs of Fig. 8 and Pearson’s

r¼0.63, P¼0.0016 for the 22 soil food webs in Mulder and Elser, 2009),

the most significant relationships between primary versus secondary extinc-

tions and food web attributes are provided by number of nodes and con-

nectance (Fig. 9). Although strong correlations between S and L/S as

well as S and L/S2 are acknowledged and may seem trivial here, the ecolog-

ical implications are great. The correlation between S and L/S is more than a

statistical artefact, because it indirectly shows the degree to which the pos-

sibility to encounter an(other) omnivore species in the food web increases

with a larger species pool. Hence, it also implies that the average linkage

density for a food web must increase with the total of investigated species.

According to Williams and Martinez (2004), with no information on

link-strengths, the short-weighted trophic level is the most accurate approx-

imation for quantifying trophic levels within (real) food webs that include

omnivory, cannibalism and mutual predation. In freshwater ecosystems, like

those investigated here (Table 4), fishes consume resources from many
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Figure 8 Connectance in relationship to fish species diversity of 18 river food webs vi-
sualized with Network3D (Yoon et al., 2004). Two food webs are depicted as overlays
(solid boxes) because they fall into the same range in the connectance–diversity space
(cf. Table 5). The variability and maximum value of connectance are highest in low-
diversity webs, while high-diversity food webs (dashed frame) show a more consistent
connectance pattern according to the constant connectance hypothesis (please see the
text). The columns of this matrix show that food webs with similar (or even statistically
undistinguishable) biodiversity can have different linkage patterns.
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trophic levels from hatching to death, including other fishes that were feed-

ing on them during early life stages (Froese and Pauly, 2005; Gilljam et al.,

2011; Layer et al., 2010; Montoya et al., 2006; O’Gorman and Emmerson,

2010; Woodward et al., 2010a). This structural complexity is reflected by

certain food web properties such as the mean of the short-weighted

trophic level, the characteristic path length and the probability that two

nodes linked to the same resource are clustered (Dunne, 2009).
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Figure 9 Extinction partitioning for the 18 river food webs according to the ‘connectiv-
ity descending’ (upper three plots), the ‘connectivity ascending’ (middle three plots)
and ‘random’ (bottom three plots) scenarios along connectance (left part), linkage den-
sity (central part) and biodiversity (right part) gradient. The black part is the fraction of
species lost by primary deletions and the red part is the fraction of species lost by sec-
ondary deletions (all trends as moving averages). The mean primary deletion fraction in
the ‘descending’, ‘ascending’ and ‘random’ scenarios is 0.48, 0.56 and 0.83, respectively,
and the mean secondary deletion fraction until breakdown of the web is 0.52, 0.44 and
0.17, respectively. If statistically significant, significance is as follows: *P¼0.035,
**P¼0.003 and ***P<0.001. Along our linkage density gradient, the fraction of second-
ary deletions in the descending scenario is very similar to the fraction of primary
deletions in the ascending scenario. See text for details.
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One common measure of a food web’s vulnerability to extinctions is

the fraction of primary and secondary deletions until final collapse of the

web. For our fish assemblages (Table 5), the two fractions #PD and #SD

are roughly similar in the ‘connectivity descending’ scenario. In contrast,

the other scenarios (‘connectivity ascending’ and ‘random’) show consid-

erably higher fractions of primary deletions and less secondary extinctions

than ‘connectivity descending’ does. In Fig. 9, we show the extinction

partitioning for the 18 food webs according to the ‘connectivity des-

cending’, ‘connectivity ascending’ and ‘random’ scenarios. Food webs

are most sensitive to the ‘connectivity descending’ scenario because their

well-connected hubs get removed as first, so secondary deletions occur

rapidly, as neighbouring nodes get isolated (Fig. 9, upper left plot). Most

connected hubs are at the top in our food web structures. In the ‘con-

nectivity descending’ scenario, the threshold for web collapse is below

50% of primary deletions, that is, primary species loss. On the other

hand, in the ‘connectivity ascending’ scenario, we removed the less con-

nected (basal) node. As they are resources to others (Table 4), it is inev-

itable that as soon all of them have gone extinct, any web will collapse

quickly, with secondary extinctions becoming prevalent (Fig. 9, middle

left plot). Considering the average fraction of basal nodes in the 18 food

webs, the value of 51% (Table 5) is close to the average of 54% for the

threshold for web collapse in the ‘connectivity ascending’ scenario.

Therefore, the web must collapse quickly close to this point because

all basal nodes were already removed. This is the explanation why these

descending and ascending scenarios have similar thresholds, but behave

differently in reaching them (Fig. 9).

The random scenario differs from the previous scenarios because species

were removed from the middle, bottom and top of the web regardless of

their connectivity. Therefore, the web is not eroded systematically (either

removing all hubs, as in the upper part of Fig. 9, or all basal nodes, as in

the middle part of Fig. 9), but merely by chance. Hence, the probability

for each species occupying either a hub or a basal node to persist is, on

average, higher in the random scenario (Fig. 9, bottom plots). Random

changes in the resulting connectivity might generate large extinction

events (Solé et al., 1999: p. 159), but not in the freshwater assemblages

investigated here.

The average biodiversity of our food webs is 27 fish species: food webs

with a lower than average biodiversity have a higher than average con-

nectance, and vice versa (Table 5). Low-connected and more diverse webs



Table 5 Food web properties and vulnerability to simulated species deletion of 18 fish assemblages (location in Fig. A4) ranked according to
their initial biodiversity. Summary of properties (red) and vulnerability to three deletion sequences: connectivity descending (green),
connectivity ascending (yellow) and random (blue, 1000 simulations). S, Number of species; L/S2, connectance; L/S, linkage density; Top,
fraction of piscivorous species; Inter, fraction of intermediate species; Basal, fraction of zooplanktivorous species; Omni, fraction of species
eating on more trophic levels; GenSD, standard deviation of mean consumer generality; VulSD, standard deviation of mean consumer
vulnerability; ConnSD, standard deviation of connectivity for a consumer; SWTL, mean short-weighted trophic level; Char, characteristic path
length; Clu, mean cluster coefficient; # PD, fraction of primary deletions (¼species deleted/initial species diversity); # SD, fraction of secondary
deletions; RSD, robustness against secondary deletions computed as RSD¼PD1/Swith PD1 as number of primary deletions that caused the first
secondary deletion(s). If RSD equals # PD, all the secondary deletions occurred at the last primary deletion with web collapse.

River name S L/S2
L/S Top Inter Basal Omni GenSD VulSD ConnSD SWTL Char Clu #PD #SD RSD #PD #SD RSD # PD # SD RSD

1 Cuyahoga River 12 0.32 3.83 0.08 0.50 0.42 0.50 1.05 0.66 0.39 1.73 1.30 0.36 0.58 0.42 0.17 0.42 0.58 0.42 0.78 0.22 0.66

2 Sandusky River 13 0.23 3.00 0.08 0.46 0.46 0.46 1.31 0.75 0.59 1.71 1.50 0.31 0.46 0.54 0.08 0.46 0.54 0.46 0.66 0.34 0.37

3 Mahoning River 13 0.37 4.77 0.08 0.54 0.38 0.54 1.01 0.54 0.27 1.76 1.21 0.43 0.62 0.38 0.46 0.46 0.54 0.46 0.82 0.18 0.60

4 Buck Creek 18 0.19 3.44 0.06 0.33 0.61 0.33 1.58 0.65 0.70 1.45 1.59 0.31 0.39 0.61 0.06 0.61 0.39 0.61 0.75 0.25 0.38

5 West Mahoning River 20 0.34 6.70 0.05 0.50 0.45 0.50 1.08 0.54 0.36 1.67 1.29 0.43 0.55 0.45 0.20 0.45 0.55 0.45 0.87 0.13 0.77

6 Duck Creek 22 0.27 6.05 0.05 0.50 0.45 0.50 1.23 0.59 0.49 1.72 1.42 0.38 0.55 0.45 0.09 0.45 0.55 0.45 0.80 0.20 0.44

7 Paint Creek East 24 0.18 4.25 0.04 0.29 0.67 0.29 1.69 0.61 0.76 1.38 1.63 0.33 0.33 0.67 0.04 0.67 0.33 0.67 0.81 0.20 0.50

8 Hocking River 24 0.25 5.92 0.04 0.46 0.50 0.46 1.31 0.62 0.56 1.64 1.49 0.39 0.50 0.50 0.04 0.50 0.50 0.50 0.82 0.18 0.48

9 Blanchard River 24 0.27 6.58 0.04 0.50 0.46 0.50 1.23 0.58 0.50 1.72 1.43 0.39 0.54 0.46 0.04 0.46 0.54 0.46 0.82 0.18 0.39

10 West Mahoning River 24 0.30 7.08 0.04 0.54 0.42 0.54 1.12 0.62 0.46 1.79 1.39 0.40 0.58 0.42 0.04 0.46 0.54 0.42 0.83 0.17 0.49

11 Hocking River 29 0.25 7.24 0.03 0.45 0.52 0.45 1.27 0.64 0.56 1.61 1.48 0.38 0.48 0.52 0.07 0.52 0.48 0.52 0.85 0.15 0.65

12 Scioto Brush Creek 30 0.26 7.93 0.03 0.43 0.53 0.47 1.35 0.49 0.53 1.59 1.46 0.42 0.47 0.53 0.17 0.60 0.40 0.60 0.88 0.12 0.76

13 Big Darby Creek 35 0.23 8.09 0.03 0.40 0.57 0.40 1.42 0.57 0.61 1.52 1.52 0.39 0.43 0.57 0.03 0.57 0.43 0.57 0.87 0.13 0.46

14 Paint Creek West 38 0.19 7.18 0.03 0.37 0.61 0.32 1.60 0.61 0.73 0.62 1.61 0.36 0.34 0.66 0.03 0.68 0.32 0.66 0.82 0.18 0.26

15 Little Miami River 39 0.24 9.38 0.03 0.44 0.54 0.44 1.35 0.58 0.59 1.58 1.51 0.41 0.46 0.54 0.05 0.64 0.36 0.54 0.88 0.12 0.59

16 Little Miami River 39 0.26 9.97 0.03 0.46 0.51 0.49 1.29 0.59 0.55 1.67 1.48 0.41 0.49 0.51 0.03 0.54 0.46 0.54 0.88 0.12 0.42

17 Walhonding River 39 0.26 10.28 0.03 0.41 0.56 0.41 1.34 0.48 0.54 1.52 1.46 0.43 0.44 0.56 0.13 0.59 0.41 0.56 0.92 0.08 0.78

18 Little Miami River 40 0.24 9.55 0.03 0.43 0.55 0.40 1.37 0.57 0.59 0.68 1.51 0.40 0.43 0.58 0.03 0.60 0.40 0.58 0.87 0.13 0.26

Average 27 0.26 6.74 0.04 0.44 0.51 0.44 1.31 0.59 0.54 1.52 1.46 0.39 0.48 0.52 0.10 0.54 0.46 0.53 0.83 0.17 0.51

Descending AscendingFood web properties Random

Author's personal copy
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behaved differently from highly connected and less diverse webs (Fig. 9).

In the ‘connectivity descending’ scenario, food webs with high connectance

were more robust (higher fraction of primary deletions until collapse) be-

cause the probability to remove a ‘resource node’ for other nodes was

low: it was far more likely that a top predator was removed. Webs with

higher connectance have a higher probability that there are still enough links

left so no species becomes isolated, limiting species loss to the primary de-

letion in each event. In contrast, in a ‘connectivity ascending’ scenario, the

food web is eroded from its base, starving predators of prey. So, low con-

nectance webs are more robust in this scenario because the resource node

has fewer predators that will also disappear when the resource node is gone.

In contrast, those webs with higher connectance collapse faster because

more secondary extinctions occur when one of the resource nodes is

removed.

The kind of deletion sequence clearly affects the vulnerability of the

network to species loss (Dunne et al., 2002; Fig. 9). To further evaluate

the importance of diversity and connectance on the vulnerability to species

deletions, we compared two creeks with intermediate biodiversity (Scioto

Brush Creek: S¼30, Eastern Paint Creek: S¼24), but different con-

nectance (Scioto Brush Creek: C¼0.26, Eastern Paint Creek: C¼0.18)

in the ‘connectivity descending’ scenario (Table 5). Figure A6 shows

how rapidly the total deletions equal S and the entire fish network disap-

pears. The shape of the blue curves reflects an increasing number of sec-

ondary extinctions and the number of trophic links per fish species

descends approximately linearly (Fig. A6B and D), with highly connected

species being the most vulnerable. The ‘threshold period’ until secondary

extinctions occur is 17% higher in Scioto Brush Creek than in Eastern

Paint Creek (Fig. A6A and C). Despite substantial biological improvement

in the environmental health of the Scioto Brush Creek (Burton et al., 2012;

OHIO-EPA, 2008), simulated secondary deletions with connectivity

descending happen quickly after only 20% of total species removed on

average, and all species are gone with on average about 47% of primary

deletions. Eastern Paint Creek’s web appears even more vulnerable,

with the first secondary extinction occurring at 17% of total species loss

and the food web collapses at only 33% of primary species loss. Low

linkage density implies that the removal of a highly connected node

(here, one fish species) results in a loss of fewer links than for webs with

higher linkage density (but lower connectance), limiting species loss to

primary deletion (Figs. 8 and 9).
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4.3. Inland water biodiversity: Vulnerability of B–EF across
ecoregions

Another, less frequently discussed aspect of food web vulnerability to species

loss is the robustness RSD against secondary deletions, as measured by the

fraction of primary deletions that occurred in the web without triggering

a secondary extinction. The higher the RSD, the later the secondary extinc-

tions occur as a consequence of a primary one. Secondary species extinctions

mostly occur because a primary extinction creates an unfeasible interaction

between the predator and the lost prey (Table 4). The different topologies of

the webs (cf. Fig. 8) translated into greatly varying vulnerabilities to second-

ary extinctions in the three species deletion scenarios of Table 5 (Fig. 9). Sec-

ondary deletions occur much earlier in the ‘connectivity descending’ (RSD:

mean¼0.10) than in the ‘connectivity ascending’ scenario (RSD:

mean¼0.53). This again implies that, although the total number of primary

and secondary extinctions is similar in these two scenarios, the extinction pro-

cess to final web collapse is very different. Most webs in the ‘connectivity des-

cending’ start disintegrating early and continuously with one or a few

secondary extinctions following each primary one. In contrast, most webs

in the ‘connectivity ascending’ scenario only suffer primary extinctions for

a long time, but then break down suddenly with a high number of secondary

extinctions. The extinction processes in the ‘random’ scenario fall between

the two extremes (i.e. high and low vulnerability to secondary extinctions

for the descending and ascending scenarios) and are more similar to the ‘con-

nectivity ascending’ scenario (RSD: mean¼0.51). The standard deviations for

the 1000 random scenarios are low for the primary deletions (�10% of the

mean) and high for the secondary deletions (�50% of the mean).

The differences between the three deletion scenarios demonstrate that

web attributes as well as the order of species deletions have a considerable

impact on the (species) vulnerability to extinction events: that is, it is not

just biodiversity of nodes but also of the interactions within a food web that

will affect B–EF trajectories of species loss. On the other hand, even sites

from a polluted watershed such as the Hocking River (Burton et al.,

2012) seem to have intermediate connectances (Table 5), implying that sen-

sitive fish species that may have previously stabilized the web have already

been lost. Although higher connectance led to higher robustness against sec-

ondary extinctions in earlier studies (Dunne and Williams, 2009; Dunne

et al., 2002), our results only show such an effect (RSD>0.1) for two

low-diversity webs (Cuyahoga and Mahoning rivers) and three webs of

intermediate to high species richness (West branch of the Mahoning
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River, Scioto Brush Creek and Walhonding River). An explanation of this

effect for the low-diversity webs may be that they have higher connectance

(scales with S2), but also lower linkage density (scales with S) than other

webs (Table 5). For intermediate to high-diversity webs, higher

connectance may convey high robustness in some cases, but our results

also demonstrate the very opposite, namely that highly vulnerable webs

exist despite of high connectance and high linkage density (i.e. Big Darby

Creek, Blanchard River, Duck Creek, Hocking River, Paint Creek and

all three locations at the Little Miami River shown in Fig. 10).

Food webs (at least those in Fig. 9) are clearly more sensitive to deletion

sequences with ‘connectivity descending’ than to those with ‘connectivity

ascending’. Node connectivity plays a critical role for the vulnerability of the

food web regardless of species diversity and is largely independent of con-

nectance. Our results indicate that high-diversity webs are just as (or even

more than) vulnerable to static extinctions as low-diversity webs, a non-

intuitive result which may have important implications for ecosystem man-

agement. Since higher trophic levels are strongly interlinked with feeding

relationships, in contrast to the producer and herbivorous community, this

pattern implies that the loss of well-connected intermediate and top
Molar N:P ratio = 4.18
Total [P] = 0.29 mg/l
COD = 15 p.p.m.

Molar N:P ratio = 1.89
Total [P] = 1.24 mg/l
COD = 258 p.p.m.

Upstream
n = 39 n = 40

Little Miami RiverA B C

n = 39
Downstream

Molar N:P ratio = 3.27
Total [P] = 0.483 mg/l
COD = 21 p.p.m.

Figure 10 Comparison of species diversity (n¼number of fish species) between three
locations along the Little Miami River, Ohio, United States (Fig. A4). Although biodiver-
sity is maintained, structural changes in food webs reflect subtle changes in water
chemistry, being the central assemblage—collected in a slowly streaming and
particulate-rich creek with most organic compounds and high P concentration—the
most vulnerable despite of its high connectance and high linkage density (Table 5).
The mean of all the coefficients of variation (CVs) for each environmental parameter de-
scribed by Dyer et al. (1998) for this watershed equals 33%. Below the arrow indicating
stream direction, themolar N:P ratio, the total phosphorus concentration and the chem-
ical oxygen demand (COD) in water are provided for each location.
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predators is critical to the persistence of species. It could also increase the risk

of extinction cascades in ecosystems undergoing environmental and/or

anthropogenic change, as is the case in many freshwaters on a global

scale (Friberg et al., 2011; Woodward et al., 2012). Such a conclusion

has been partly corroborated by previous studies on both model food

webs (De Visser et al., 2011; Srinivasan et al., 2007) and empirical food

webs (Estes et al., 2011; O’Gorman et al., 2008). Given that the Ohio fish

data set comprises, besides predators and consumers, herbivore species only

as prey (Table 4), our statistics might have severe implications for extinction

risk in a broader context. In fact, even in consumer-free ecosystems, like

those modelled by Solé and Montoya (2006), species richness can drop and

taxocenes will collapse as soon colonization is no longer sufficient to

compensate for habitat fragmentation and habitat destruction.

Apart from connectivity, other species properties such as body size

(De Visser et al., 2011), relative abundances (Lyons and Schwartz, 2001)

and interaction strength (Allesina and Pascual, 2009) also play a decisive role

for a food web’s vulnerability to extinction events, especially in dynamic

species deletion simulations (Layer et al., 2010; Pimm, 1980; Quince

et al., 2005) and long-term empirical studies (Stachowicz et al., 2008).

This long-standing, complex issue of the diversity–stability relationship is

still controversial (Banašek-Richter et al., 2009; Montoya et al., 2006;

Rossberg et al., 2011) and many of its implications for B–EF relationships

remain open (as reviewed by Cardinale et al., 2006; Hooper et al., 2005).

When species diversity is maintained despite (increased) nutrient loading,

biodiversity may act as a kind of buffer against environmental disturbance

(Cardinale, 2011) and if this evidence holds for metazoans as well,

management or restoration of native fish species becomes desirable (Feld

et al., 2011). We provided here an overview that helps to quickly yet

coarsely assess the risk of species loss without time-consuming sampling

or modelling.

4.4. Population fluctuations at standardized taxonomical
resolution: A virtual case study

In both aquatic and terrestrial ecosystems, Srinivasan et al. (2007) and

DeVisser et al. (2011) showedhigh sensitivityof (relatively pristine) foodwebs

to the loss of large, dominant or even common species. Moreover, such rare

species can inflate allometric relationships, depending on their occurrence and

distribution within size classes and areas with different spatial resolution

(Valcu et al., 2012; http://cran.r-project.org/package¼rangeMapper).

http://cran.r-project.org/package=rangeMapper
http://cran.r-project.org/package=rangeMapper
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Since size spectra do not distinguish between species, they are easily measured

and more robust to inclusion/exclusion of rare species than is the case for

species-based community measures of allometric scaling, such as the trivariate

foodwebs that havegained increasingprominence in recent years (Woodward

et al., 2010b).

Mass–abundance scatter-plots have the advantage that they can more

consistently combine information and, in contrast to size spectra, can be

plotted as functions of either endogenous traits (body mass, mostly weight,

or body size, mostly length) or exogenous traits (typically numerical abun-

dance). Brown and Gillooly (2003) argued that only traits like endogenous

body mass can be used to predict numerical abundance. Unfortunately,

the inversion of the M and N axes in some papers published after Brown

and Gillolly’s plea contributed to a recent generation of terms which

slows down the research itself, as the resulting overlap in terminology

may confound many readers. Still, the predictive power of exogenous traits

such as N for M and/or B is often surprisingly high. If size-dependent

physiology of individuals within one taxocene is extended to entire

communities, the allometric scaling of the latter should converge on a

biomass-constant isometric line (among others, Cohen et al., 2003;

Hildrew, 2009; Mulder et al., 2005b; Rossberg et al., 2008; White

et al., 2007; Woodward et al., 2005a).

Previous analyses demonstrated that log(N), log(M) and log(B) are

strongly correlated, as theoretically expected (Brown and Gillooly, 2003;

Damuth, 1981; Mohr, 1940) and empirically shown (Cohen and

Carpenter, 2005; Cohen et al., 2003; Mulder et al., 2008; Reuman et al.,

2008). When the classical log–log mass–abundance linear regression model

logðNÞ¼ a1� logðMÞþ b1 ½5�
is merged into the log-transformed biomass (originally weight times

abundance)

logðBÞ¼ logðMÞþ logðNÞ ½6�
we can rewrite Eq. (6) as

logðBÞ¼ logðMÞþ a1� logðMÞþ b1¼ð1þ a1Þ� logðMÞþ b1 ½7�
which is now in the form of a typical biomass-size spectrum

logðBÞ¼ a2� logðMÞþ b2 ½8�
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although the two intercepts b1 and b2 are not comparable to each other, in

contrast to both slopes which are correlated and are supposed to differ by one

unit from each other (Jennings and Mackinson, 2003; Mulder et al., 2008;

Schneider et al., 2012).

The linear allometric model of Eq. (8) was fitted to the locations in Ohio

separately (confidence interval 99%), and the lumped log(B) for all sampled

fishes was plotted at the middle of the respective size class along the binned

log(M) gradient. Binned and lumped log(B) with zero observations were ex-

cluded, because log(0) is undefined. Size bins can influence the resulting

power functions: our fish size spectra tend to show a fluctuating increase in

biomass with body size up to a peak near the largest mass-bins comparable

to those of Duplisea and Drgas (1999) in the blue world and to those of

Mulder et al. (2008, 2009) in the brown world. The huge influence of

larger (predatory and omnivorous) fishes is reflected by the regressions that

fit the dome before the site-specific modal size bin: the linear regressions

fitted to size spectra of the (boat-sampled) fish networks have positive

slopes ranging from 0.72�0.074 SE (min) up to 1.24�0.216 SE (max)

and the (from Eqs. 5–7 derived) mass–abundance linear regression slopes

are rather shallow (their power laws fluctuate between �1/4 and þ1/4, with
an average very close to 0). Mass–abundance positive slopes are known as

possible within a taxocene (e.g. Ulrich et al., 2005).

For fish assemblages with 1/4 power scaling, if population density had a

body mass scaling exponent of 0.25, a 10-fold increase in weight would

increase the fish population by 100.25, equal to a 1.78-fold increase in density.

Conversely, if populationdensity had a bodymass scaling exponent of�0.25,

a 10-fold increase in weight would decrease the population as a function

of 10�0.25, which is equal to a 0.56-fold decrease in density of the smaller

individuals. To illustrate these opposite trends for further interpretation

of freshwater biodiversity, some brief examples may be useful. Let us

imagine a very simple freshwater food web consisting of only four fish

species, namely Emerald Shiner (Notropis atherinoides), Yellow Perch (Perca

flavescens),Walleye (Stizostedion vitreum) andMuskellunge (Esoxmasquinongy).

Let their respective wet weights be 4, 40, 400 and 4000 g on a site-specific

average. After log-transformation, their log(M) will become 0.6, 1.6,

2.6 and 3.6. Given that with abscissa log(M) and with ordinate log(N)

populations fall approximately along a straight line with a negative slope

(e.g. Brown and Gillooly, 2003; Cohen et al., 2003; Damuth, 1981, 1987,

1991; Hildrew, 2009; Mulder et al., 2005b; Woodward et al., 2005a), we
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assume for simplicity that the population densities of these four fish species

are equal to 100, 10, 1 and 0.1 individuals, respectively. After log-

transformation, their log(N) will become 2, 1, 0 and �1. Their specific

log(B) equals log(M)þ log(N)¼0.6þ2¼1.6þ1¼2.6þ0¼3.6�1¼2.6.

Hence, these four fish populations will keep a biomass of 102.6	400 g

and, if plotted on log–log axes, the theoretically resulting linear regression

slope should be isometric. In the case of a �1/4 power scaling, keeping the

aforementioned weights and a comparable number of fishes, the

population densities of these species could be 60, 40, 30 and 10, and in the

case of a 1/4 power scaling, the respective densities should be 10, 30, 40

and 60. In the first case, the resulting specific fish biomass is negatively

correlated with the increase in fish body mass, whereas in the second case

the opposite occurs. In the case of the 534 boat-sampled sites (Fig. A5),

57.7% showed the negative mass–abundance scaling, albeit on average

only �1/8, but 42.3% showed a positive scaling for the bin approach.

4.5. Superimposed disruption of fish biodiversity
on cascading interactions

Cascade effects on other species and trophic levels, for instance due to either

invasive or extinct species, can potentially be quantified by allometric ana-

lyses and characterization of multitrophic interactions. Sterner and Elser

(2002) and Hall (2009) formalized the complexity of elemental constraints

and thresholds from stoichiometrically explicit perspectives, reviewing

several studies from microbiology to aquatic ecology, emphasizing how im-

portant the modulation of chemical imbalances between trophic levels can

be for understanding B–EF relationships.

In our study, we modelled the site-specific changes in total biomass

(Fig. 11, upper panel) and averageweight (Fig. 11, lower panel) along gradients

of fish diversity (number of species, left plots) andmolar N:P ratio (right plots).

The marked decrease in fish size with biodiversity (presumably a consequence

of decreasing energy at higher trophic levels) provides a measure for assessing

the sensitivity of these species-poor networks (less than 10 species) to preda-

tion, even though their environmental conditions (here, the molar N:P ratio)

can be considered optimal (Fig. 11D). The average mass of individual fishes

does not show a linear correlation with the molar N:P ratio of the water col-

umn, in contrast with previous studies where body size (both as fish length

and as fish weight) increased with the molar N:P ratio of cyprinids (Sterner

andGeorge, 2000) but in linewithmore recent research,which showsmarked

stoichiometric imbalances between the environmental availability and tissue

content of consumers in freshwaters (Lauridsen et al., 2012).
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Figure 11 Site-specific fish biomass (A, B) and average fish weight (C, D) related to fish
biodiversity (A, C) and water column N:P ratio (B, D) for freshwater fishes from boat-
sampled Ohio rivers (Fig. A5). Although American freshwater ecosystems are well-
known for their remarkably high N:P ratios (Cotner et al., 2010), the clump in the fish
biomass distribution reflects a certain (positive) bias in the amount of Ohio rivers with
‘lower’ N:P ratios, a log-normal distribution that is known to occur in large datasets
(Kattge et al., 2011). According to Pfisterer and Schmid (2002), the species-poor exper-
imental systems achieved under unperturbed conditions show a lower biomass produc-
tion than the species-rich experimental systems. The left panel clearly resembles their
grassland model, where in this case species-poor fish communities not only reduced
biomass production under unperturbed conditions (A), but also achieved the highest
individual body-size averages (C). The darkness of the grey effect suggests increasing
environmental perturbation as derived from abiotic data.
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Since regularities might be expected in biodiversity and/or biomass dis-

tributions, to what extent can a possible introduction of specifically sized or-

ganisms be necessary to preserve ecosystems, for instance counteracting

negative effects of overfishing or habitat destruction? As early as 1955,

MacArthur pointed out that abundance of species can vary greatly, and that

if one species has an abnormal abundance, a community may be unstable

if the abundances of other species become inflated (MacArthur, 1955).

In Section 4.2.3, we have shown ‘cascade effects’ on occurring species after
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simulated removal of fish species in 18 rivers (primary and secondary

deletions).

Simulated deletion sequences provide a clear picture of food webs re-

sponses to the possible removal of specific taxa (either consumers or re-

sources). In the field, small-scale manipulation experiments (enclosure/

exclosure of larger predators) often reveal that relatively few resources are

strongly depleted (Woodward and Hildrew, 2002; Woodward et al.,

2005b), although whole-lake manipulation experiments can provide a

different perspective. Large-scale manipulation experiments include

recruitment of Rainbow Trout (Oncorhynchus mykiss), that altered the

planktivory regime and the water quality (Elser et al., 1995), the addition

of Northern Pike (Esox lucius), which led to crashes in cyprinid minnow

populations (Carpenter et al., 2011; Elser et al., 1998, 2000), and the

replacement of planktivorous minnows with a comparable mass of

piscivorous bass (Ives et al., 1999), with consequent long-term changes in

the zooplankton biomasses (Ives et al., 1999; Jonsson et al., 2005). One

example for controlled alteration of abiotic factors are whole-lake N:P

treatments to prevent nitrogen limitation with consequences at different

trophic levels, as planktivore biomass was inversely related to piscivore

biomass (Carpenter et al., 2001) and changes in the fish-driven phosphorus

cycle (Carpenter et al., 1992). Given that low linkage density implies that

the removal or replacement of a highly connected species results in a loss

of fewer links than for webs with higher linkage density, the traits of

endangered (or recruited) fish species must be taken into greatest account.

5. CONCEPTUAL UNIFICATION
5.1. Articulating B–EF in terrestrial ecosystems

Different functional responses and effects within and across adjacent trophic

levels (x and xþ1) can be articulated within a conceptual framework to

predict EF under future scenarios (Lavorel et al., 2009). To analyze B–EF

relationships, the application of such a framework requires that each com-

partment (box) is specified for individual species in terms of functional di-

versity (FD) and/or trait attributes and can be applied to most ecosystems

stepwise. We will use nutrient cycling and trophic interactions as examples

and will define the functional effect trait(s) contributing to the ecosystem

function at the trophic level most related to the function itself (x in Fig. 12)

and, if relevant, at the adjacent (xþ1) trophic level.
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Figure 12 Framework articulating functional responses and effects within and across
two adjacent trophic levels to forecast ecosystem functioning. The analysis of the effects
of functional diversity on ecosystem functioning will then integrate the quantitative ef-
fects of diversity for the environmental response traits, the trophic effect traits, the tro-
phic response traits and the functional effect traits. This can be done by partitioning the
variance of the ecosystem functioning according to these trait types (Díaz et al., 2007).
According to us, such a framework can be applied to run specific scenarios of environ-
mental change in a predictive approach.
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Step 1. Given that the environmental response traits are often taxon-

specific, if more than one functional effect trait is involved within the con-

sidered (sub)food web, then association patterns between different traits

need to be taken into account. The outcome is a trade-off among positive

and negative effects at adjacent trophic levels.

Step 2. Trophic effect traits and trophic response traits and associated pro-

cesses must be identified. In the case of ecological stoichiometry, for example,

the chemical quality of soil systems (C:N:P and [Hþ] either as pH or pOH) en-

hances the numerical abundance (and hence the biomass) of soil mesofauna

much more than the soil microfauna (Mulder and Elser, 2009). Moreover, soil

mesofauna incorporates most fungivores and microfauna incorporates most

bacterivores (Mulder et al., 2005a; Wu et al., 2011) and bacteria and fungi

respond to chemical resources in different ways according to their ability to

break down carbon- versus nitrogen-rich compounds (De Vries et al., 2006;

Hunt andWall, 2002; Krivtsov et al., 2011;Wardle, 2002;Wardle et al., 2004).

Step 3.This step identifies the response traits for each of the trophic levels

(starting from the lowest, x in Fig. 12) to the environmental predictor of
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interest. In the case of total soil phosphorus, a lower C:P ratio directly

favours larger arthropods (Mulder and Elser, 2009) and the proliferation

of bacteria with an r-like strategy (Makino et al., 2003). Given that

most microarthropods are predators or fungivores (Mulder et al., 2005a;

Wardle, 2002), a shift in the fungi-to-bacteria ratio is expected in soil

systems (De Vries et al., 2006; Mulder et al., 2009).

Step 4. Having established the relationships between functional effect

traits for a given environmental condition (or a predictor), the responses

of different trophic levels to pressure and multiple functional relationships

involved in a selected ecosystem service, the final analyses will allow the

translation of effects at individual or species level into actual ecological

processes at community (or even biome) level.
5.2. Articulating B–EF in aquatic ecosystems
The framework of Fig. 12 may be applied not only to a given ecosystem

process influenced by a range of contrasting conditions (and a comparative

analysis conducted in order to identify generic vs. contingent relationships),

but it can also identify (in)congruences in B–EF. Therefore, it is also poten-

tially suitable to assess the ecological risks of environmental pressure.

Eutrophication, for example, is a widespread kind of environmental

pressure which affects key ecosystem services. Global increase in use of urea

in both agriculture and manufacturing has resulted in increased run-off to

sensitive coastal systems and is important in the nitrogenous nutrition of

some harmful algal bloom species (Glibert et al., 2006). Reduction in water

quality directly influences important coastal ecosystems like seagrass

meadows (Waycott et al., 2009), which trap sediments and nutrients and

have a large net primary productivity (Orth et al., 2006). Seagrass meadows

are also sensitive to changes in turbidity and nutrient enrichment and

provide ecosystem services such as supporting commercial fisheries through

habitat provisioning and globally significant sequestration of carbon (Duarte

et al., 2005). Besides indirect effects of eutrophication due to reduction of

light penetration in the water column (changes in turbidity) and enhance

coverage by epiphytes (biological disturbance), direct effects include shifts

in nutrient ratios of seagrass leaves (Antón et al., 2011) which influence

grazing patterns and cause selective abrasion and even removal of the plants.

Leaves of persistent species such as Thalassia hemprichii have a lower C:N

ratio than leaves of the ephemeral Halodule uninervis or the intermediate

Cymodocea rotundata (Fig. 13). Seagrasses with higher C:N ratios have higher

palatability for sea urchins in situ (tropical seagrasses, Vonk et al., 2008) or for
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Figure 13 Example of trophic effect and trophic response traits (sensu Fig. 12) from the
green world: grazing pressure (vertical arrow) and elemental quality in three species
from seagrass meadows of the Spermonde Archipelago (Indonesia). Mean leaf weight
development�SE of seagrasses in dense (♦) and sparse (▲) canopies (Vonk and Stapel,
2008) with comparable PO4

3� concentrations (in water columns: 0.24 and 0.23 mM and
in pore water: 0.39 and 0.40 mM, respectively). From top to bottom: (A) Thalassia
hemprichii, (B) Halodule uninervis and (C) Cymodocea rotundata (photo credits: Jan Arie
Vonk). All three seagrass species continuously produce leaf tissues at a fixed basal mer-
istem (Short and Duarte, 2001); the Roman number refers to the leaf layout during de-
structive counting (I is the youngest leaf, V the oldest leaf collected). The closed symbols
and lines represent the natural mixture of leaves and open symbols represent intact
leaves only. Leaf molar C:N ratios for dense and sparse canopies provided below each
plot; all samples (n¼9) of 10–20 shoots per species, depending on size. Despite in-
creased palatability, T. hemprichii (A) appears to be the most resistant to grazing
pressure.
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isopods in mesocosm (temperate seagrasses, Tomas et al., 2011). Contrasting

trophic effect and trophic response traits not only affect the composition of

seagrass meadows, but also enhance the nitrogen pool, with both the N con-

centration in aboveground seagrass biomass as the dominance of species with

lower C:N ratio higher in grazed treatments (Vonk et al., 2008). Similarly,

C:N of detrital resources in freshwaters, which is a key determinant of de-

composition rates (Hladyz et al., 2009), is also a function of both the sur-

rounding riparian vegetation and the nutrient status of the waterbody

itself (Hladyz et al., 2011).

6. SYSTEM-DRIVEN B–EF

6.1. Elemental changes within one taxocene: Less is more

Abiotics (pH and C:N:P) play a key role in determining the abundance of

diversity of the soil nematofauna and nutrients in particular enhance the pro-

ductivity (here, their total biomass) of free-living nematodes (Fig. 14) as well

as the unevenness of the soil nematofauna (Fig. A2). In P-enriched, inten-

sively managed soils (low N:P molar ratios), nematode total biomasses are

much greater than in sites with a (relatively) higher N:Pmolar ratio. In other

words, a lack of soil P in agroecosystems kills off the predatory nematodes or

strongly diminishes the abundance of all nematodes (Mulder and Vonk,

2011), and there is increasing evidence of similar patterns even in extreme

environments (Barrett et al., 2007).

Although comparable patterns have been detected among taxocenes

(Mulder and Elser, 2009, more details in Section 6.2), Fig. 14 shows that

the distribution of the free-living nematode biomass may overlap con-

strained bottom-up responses to microbial producers. Under higher grazing

pressure (low soil N:P), either the microbial activity is diminished or the

density of bacterial cells is low. In contrast, under lower grazing pressure

(high soil N:P), microbial activity can become stimulated and the density

of bacterial cells is high (Mulder et al., 2009; Reuman et al., 2009). If so,

given that most free-living nematodes are bacterial feeders, Fig. 14

resembles the classical ‘energy enrichment paradox’, which shows here at

both tails of the nematode distribution the exacerbated incongruences

between the bacterial autotrophs and the bacterivore nematodes under

either low or high N (cf. Hall, 2009 and references therein). Nematode

patterns seem comparable to those predicted by the ‘hump-backed

model’ (Grime, 1973, 1979), which used an arbitrary scale from 0 to 1

(Grime, 1977). Biomass may in fact increase with respect to the limiting
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Figure 14 Occurrence of environmental response traits in the brown world: synergetic
processes of land history and abiotics are reflected in the soil nematodes (upper panel:
nematode density (N), mean weight (�M), biomass (B) and (SE) in brackets). From left to
right (upper photos) and from top to bottom (synoptic table), managed grasslands on
peat (HI�MG), managed grasslands on clay (FC�MG), arable fields on clay (FC�AF),
arable fields on Loess (LU�AF), arable fields on sand (PO�AF), managed grasslands
on sand (PO�MG) and shrublands on sand (PO�SW). Lower molar N:P ratios seem
to enhance the productivity (biomass) of nematodes (lower panel), but also the uneven-
ness within the nematofauna (Fig. A2). Raw data from Mulder and Vonk (2011).
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nutrient (here, phosphorus) via a saturating, non-linear function, whereas

diversity may increase, decrease or exhibit a hump shape (Sterner and

Elser, 2002 and Sterner, 2004, respectively). Our threshold of 13 is

supported by the two regression trends for high and low fertility (Fig. 14)

and is similar to the atomic N:P ratio by Cleveland and Liptzin (2007)

for soils and roughly comparable with the historical atomic N:P ratio of
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16 by Redfield (1958) for the blue world. The left and right regression lines

of Fig. 14 show, in fact, a direct correlation between the total biomass of soil

nematodes and the soil N:P ratio until 13 (higher eNPP sites, see Table 1)

and an inverse correlation between biomass and N:P afterwards (lower

eNPP sites).

We found no consistent relationships between the average mass �M and

the average predator–prey body-mass ratios across ecosystem types and soil

types (Mulder et al., 2011a). Widely distributed horizontal distributions of
�M across environmental C:N:P transects (as those in Fig. 15) might revitalize

the discussion on the use of �M as the best independent sole predictor for

mass–abundance scaling (compare Cohen et al., 2003; Hildrew, 2009;

Mulder et al., 2005b; Woodward et al., 2005a with Brown and Gillooly,

2003; Reuman et al., 2009). Indeed, it is the numerical abundance that

changes the most, not the mean mass, as expected from a well-known

direct correlation between population density and resource availability

(e.g. Kaspari, 2004; Meehan, 2006; Wardle, 2002) and Kaspari (2004)

focuses on the variable N instead of �M . Under relatively stable

environmental conditions, this implies that EF might be driven more by

the total numerical abundances N of organisms than by their body-mass

average �M or by the resulting total biomass (N� �M as in Fig. 14). Our

productivity gradients show that �M values are real and vary from place to

place less than previously suspected (Kaspari, 2004).

The rather comparable �M values are surprising and could make terrestrial

‘stable states’ questionable: as large-scale fluctuations of �M values were not

observed along the C:N:P gradients (Mulder and Vonk, 2011), we might

wonder under which kind of environmental conditions (to be held constant

for a certain time span) such ‘stable states’ might actually occur in the brown

world. Moreover, an investigation by Gilljam et al. (2011) consistently

shows either underestimations or overestimations of predator–prey systems

as soon as the (derived) species-specific �M averages were used instead of the

(original) site-specific weights at individual level m.

6.2. Elemental changes across taxocenes: Community
mismatches

Assuming that, at least in the brown world, numerical abundance Nmatters

more for EF than individual mass, we might continue to neglect the below-

ground variation of individual body-mass values within one taxon or, pos-

sibly, even within the same taxocene—as most soil ecologists currently do

(overview in Mulder et al., 2011b). If all taxa absorb energy at constant rate,

and the metabolic rate of an individual approximately follows a power law in
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Figure 15 Occurrence of functional effect traits in the brown world. The soil types
influence the size of individual nematodes more than nutrient ratios do: from top to
bottom, the weighted differences in the body mass between the sandy soils (in green)
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�M (Brown et al., 2004; Peters, 1983; Savage et al., 2004), the energetic

equivalence hypothesis predicts a mass–abundance slope of �3/4.
Observing a mass–abundance slope less negative than (respectively, more

negative than) �3/4 suggests that larger invertebrates absorb more

(respectively, less) energy from the environment than smaller

invertebrates. However, rather few soil communities scale to the �3/4
power (Mulder et al., 2005b, 2009, 2011c), in contrast to species–density

scaling (Eq. 2). It should be noted, though, that the scaling power

strongly varies between �⅔ and �1 for mass–abundance relationships

(Mulder, 2010) and between ⅔ and 1 for metabolic rates (Glazier, 2010)

because the scaling exponents are sensitive to which taxa are included

(Boit et al., 2012; Glazier, 2005; Mulder et al., 2005b, 2009; Prothero,

1986; Reuman et al., 2008). Still, diverse patterns and clear trends remain

recognizable under comparable methodologies.

Few studies on food web manipulation have been performed in the

brown world, but Wardle et al. (2011) recently showed that ant exclusion

enhanced the first and third trophic level of soil food webs, increasing active

microbial biomass and predatory soil nematodes but not bacterial-feeding

nematodes (second trophic level). Assuming that larger mites (soil

mesofauna) are often predatory, one mesofaunal individual and (at least)

one microfaunal individual have to come together. The probability that this

happens increases approximately as the product of both population abun-

dances. Thus, if in a nutrient-richer soil both microfauna and mesofauna

would be two times more abundant, then the probability of encounter

would approximately increase by a factor 4, leading to over-proportionally

more feeding opportunities for the predatory mesofauna. But again, direc-

tions of the responses need to be specified as in the conceptual framework
and the loamy soils (in brown) of all the occurring nematodes per soil type together
fluctuate between 7.9% and 15.0%, implying that nematodes in loamy soils are smaller
than those in sandy soils. Averages were consolidated separately for C:N, C:P and N:P
ratios and log-transformed. Log–log linear regressions are just plotted for clarity,
although they are not significant: from top to bottom, log–log linear regressions for
all females (upper solid lines), all adults (dotted lines) and all juveniles (lower solid lines).
The cross-product soil type (ST) versus ecosystem type (ET) determines the total abun-
dance of individuals (and hence, the total biomass). This is rather surprising, given that
the Atom% Excess (APE) 13C and 15N for nematodes is known to be most sensitive to
enrichment (Crotty et al., 2011). Only arable fields and grasslands are shown: loamy
soils (41 sites, 1094 adults and 4936 juveniles) versus sandy soils (96 sites, 3504
adults and 10,819 juveniles); raw data from Mulder and Vonk (2011).
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(Fig. 12): here, a log-linear decrease of mites and collembolans with decreasing

soil fertility (higher nutrient ratios), in contrast to a curvilinear increase of

bacterivore nematodes and fungi (cf. Santos et al., 1981). Therefore, regardless

of the kind of environmental adversity, soil mesofauna might increase over-

proportionally in enriched systems such as the real food web plotted on the

background of the four scatter-plots (a reference site marked by a cross) in

the composite (Fig. 16).

The results support the stoichiometric theory (Elser, 2006; Mulder and

Elser, 2009; Sterner and Elser, 2002) which predicts that animals with higher

P demands would suffer a competitive disadvantage due to poor

stoichiometric food quality. In Fig. 16, omnivorous species with lower P

demands are favoured. This seems to be the case within our soil
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Figure 16 Another example of trophic effect and trophic response traits (cf. Fig. 13). Log-
arithmic fits of differently body-size-scaled soil invertebrates across four quantitative
gradients of increasing environmental adversity as described by pOH (A), log-
transformed C:N ratio (B), N:P ratio (C) and C:P ratio (D) for Dutch dry heathlands (●),
abandoned grasslands (♦) and bio-organic farms (■). Lower soil fertility as in the heath-
lands plotted at the right of the scatters enhances the steepness of the microfauna to
mesofauna ratio. Springtails and enchytraeids get eliminated, relative to the over-
whelming increase of nematodes, by decreasing [N] and [P].
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mesofauna, given that the P contents in the bodies of (predatory) mites are up

to three times lower than in detritivorous collembolans (�0.5 body % P-in-

Acari vs. 1.4 body % P-in-Collembola; Martinson et al., 2008 and Schneider

et al., 2010, respectively). This means that invertebrates at higher trophic

levels have a higher P demand than those at lower trophic levels, at least in

the brown world. However, during the lifetime of metazoans, the P

demand is not necessarily inversely related to the P content as adult (like

the aforementioned mites with lower P content than other groupings

within the same taxocene); the P demand can, in fact, be needed during

growth for structural components like bony skeleton. In the case of fishes,

for instance, P demand and P content remain directly correlated with each

other (Lauridsen et al., 2012; Sterner and George, 2000).

Therefore, ecological stoichiometry and classical prey–predator chains

coexist and contribute to explain apparent difficulties in the application of

the Lotka–Volterra model in reality. Still, the possibility of a kind of top-

down control has to be taken into account (Wardle, 1999) and causal rela-

tionships must be directional and quantitative, such as the pathway analyses

performed by Perner and Voigt (2007) and Voigt et al. (2007). Comparing

this stoichiometric perspective across soil systems with the large number of

terrestrial B–EF studies, it remains surprising that the plea of Chase (2000) to

address phosphorus in terrestrial ecosystem types has remained largely

ignored by so many soil ecologists (but see Lynch and Ho, 2005).

7. CODA

Macroecology and ecological stoichiometry encompass awide variety of
large-scale phenomena (cf. Gardner et al., 2001; Hall, 2009; Sterner and Elser,

2002), and allometric scaling can link large-scale macroecology to either

species- or community levels (Yodzis and Innes, 1992). Together, allometry

and ecological stoichiometry are suitable measures to catch the emergent

characteristics of large data sets distributed in time and space and offer a

reliable tool to outflank difficulties in the environmental assessment of

disturbed ecosystems. Like Yodzis and Innes (1992), we argue that allometry

and food web theory can be successfully integrated, even if the coupling

between biodiversity and EF is less stringent than commonly assumed.

In 2004, the plea for the conservation of ecosystem structure and func-

tioning as priority target came from the United Nations (UNEP/CBD,

2004). Alas, biological findings are often not strengthened for stakeholders

and policy-decision makers (Mann, 1991). Many of the studies of the
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predominance of quarter-power scaling in biology have remained purely

descriptive so far, although there are exciting hints of a mechanistic expla-

nation for observed patterns in EF. The evenness in the structure of a food

web can be captured by allometric scaling and when the

resulting mass–abundance relationship is close to isometry, its

equitability roughly implies biomass evenness across trophic levels. Such

‘allometric metrics’ can take into account traits like the average body size

of given species that may often be independent from environmental

predictors, indirectly supporting the historical critique on biodiversity

by Hurlbert (1971).

Our survey on the understanding of B–EF relationships includes aspects

of taxonomic diversity, functional categorization and metabolic scaling as

well as rules for their appropriate use. Given the well-known role of traits

as predictors of niche complementarity and community structures, we have

considered empirical examples examining how biodiversity supports EF. As

model organisms, we chose fishes, plants and invertebrates and highlighted

distributional (in)congruences of these organisms, the current state of the

field and future challenges. Our review of independent case studies from

the blue, the brown and the green worlds shows that biodiversity (at least

the taxonomic diversity) as the key predictor for EF and multitrophic inter-

actions like those described in food web theory may be overemphasized.

There is an urgent need to galvanize ecologists from different subdisciplines,

bringing them together for so many existing questions (Carpenter et al.,

2009). A greater synergy between theoretical and empirical disciplines dur-

ing the construction of null hypotheses is necessary to allow a careful differ-

entiation between experimental design and EF. In the past, research on EF

was often diluted by a dichotomy between empirical reports (often as grey

literature), novel biology journals and theoretical journals, complicating data

mining of disparate data sets. Hence, generalization without oversimplifica-

tion becomes an important objective in its own right, with the ability to

identify traits that underlie species responses and ecological processes

(Grime, 1997). Such responses, especially when aggregated up to the biome

level, can provide critically important ways to predict ecosystem responses to

environmental changes at a global scale (Wall et al., 2008).
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Figure A1 Allometric scalinganddiversity–yield relationships.Upperpanel: dashed lines
describe three log–log relationships between species averageweight �M and species den-
sity N for total biomass B, upper line, energy rate E, middle line, and mass–abundance
scaling, lower line, as function of �M for pelagic food webs across trophic levels (A) and
within three taxocenes, namely the phytoplankton P, the zooplankton Z and the fishes
F (B). Lower panel: dynamic domains of scale (S) in time occupied by different entities
enable to address the variation in ecological processes across the discrete boundaries
of the investigated domains (C) and allow taking into consideration relationships into
a similar space-time domain (D). Adapted from Brown and Gillooly (2003), the upper
panels (A, B), and from Kerkhoff and Enquist (2007), the lower panels (C, D).
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Figure A2 Soil abiotics and diversity–yield relationships for free-living nematodes. Di-
versity metrics that combine species richness with relative abundance, like the so-called
Hill numbers (here the exponential Shannon-Wiener index as in Hill, 1973), are not in-
dependent from the (number of) species themselves. We have chosen the molar N:P
ratio as proxy for the productivity of agroecosystems (Mulder and Vonk, 2011). If so, pro-
ductive sites show a higher value of the exponential Shannon-Wiener index (bottom)
and a higher amount of nematode species (top). Hence, in more productive sites, spe-
cies are more even in their spatial distribution than in less productive sites.
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Figure A3 The extent to which one species (A) will feed on other species (here, B and C)
can be quantified by species connectivity according to metrical computations (explana-
tions in the text). Within one taxocene, Ct fluctuates between 0% (no trophic links at all)
and 100% (maximal aggressive behaviour) for both interspecific and intraspecific inter-
actions (directed connectance, upper panel) as for interspecific interactions only (inter-
active connectance, no cannibalistic links; lower panel). Here we show the maximal
number of possible trophic interactions within the same taxocene (Ct¼100%), besides
the unique case of the polar nematode Scottnema (this most extreme condition—
marked by an asterisk—exhibits L¼0, S� (S�1)¼0 and therefore Ct¼0% in A*). Many
realized trophic links are suggested to reflect a dominance of generalists (high species
connectivity implies high omnivory and aggressive feeding behaviour, therefore high
resilience at taxocene level), in contrast to a low proportion of realized trophic links,
which reflects a skew towards specialists and immature life stages (low species connec-
tivity: low resilience).
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Figure A4 Geographical location of the 18 freshwater assemblages randomly selected
after allometric screening (Fig. A5). The rivers Scioto Brush Creek, Hocking (two times),
Big Darby Creek, Paint Creek (two times), Blanchard, Duck Creek, Little Miami (three
times), Buck Creek, Sandusky, Walhonding, Mahoning (three times) and Cuyahoga were
sampled between 2000 and 2007. Many locations (like those in Figs. 10 and A6) are in
the Eastern Corn Belt Plains (Ecoregion 55), the most variable in total phosphorus
(CV¼88.6%), biochemical oxygen demand (85.5), chemical oxygen demand (118.6),
nitrite (125.0), ammonia (231.4) and total suspended solids (153.8), and the least
variable in hardness (CV¼22.6%), nitrate (44.4), conductivity (24.6) and total
dissolved solids (25.4). Ecoregions as defined in: http://www.eoearth.org/article/
Ecoregions_of_Indiana_and_Ohio_%28EPA%29. GIS credit: Katherine Kapo.

http://www.eoearth.org/article/Ecoregions_of_Indiana_and_Ohio_%28EPA%29
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Figure A5 Possible effects of sampling methods associated with the allometric model
on uncertainty were investigated by selecting 2656 locations in Ohio sampled either by
boat or by wading. The uncertainty in the allometric estimates of the mean fresh bio-
mass (|SE| in grams) of the smallest fish populations in each fish assemblage shows that
the kind of sampling (boat or wading) and, indirectly, the river type (large, tributary,
etc.), inflates biomass estimates in low-diversity communities, supporting that boat
sampling provides the best estimates. As differences in sampling efforts are important
for appropriate data mining and computations, we confined our further analyses in the
aforementioned boat-sampled locations (Figs. 8 and A6; Table 5).
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Figure A6 Two case studies in central Ohio on static species deletion scenario ‘connec-
tivity descending’. The creeks are both tributaries of the Scioto River. The fish assem-
blages have different vulnerabilities to secondary deletions (Table 5; Fig 9). Data on
the left have been normalized for comparison. (A) The Scioto Brush Creek web with
n¼30 only shows secondary deletions (% SD) from 15–50% of primary deletions
(% PD) until its final collapse. At the beginning, secondary extinctions are less than pri-
mary extinctions, becoming equal to (and later more than) primary extinctions (dashed
line indicates x¼y). (B) The Scioto Brush Creek's web properties during the species
deletion process, with the relative linkage density L/S quickly decreasing as highly
connected nodes disappear from the web. (C) In contrast to the previous river, the East-
ern Paint Creek with n¼24 immediately shows more secondary extinctions than pri-
mary extinctions (line above the 1:1 dashed line). The food web collapses after only
33% of primary extinctions. (D) Most Paint Creek's web properties behave similarly to
those in (B).



Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio
Weight (average of individual measurements in grams) versus COMID (7- and 8-digit code, GIS location in Fig. A4)

Species (Latin Please check whether the entries are aligned properly in this table. binomial, qualitative) Behavioural Level (1 or 2, numeric)

3489095 3935990 3935996 3985304 5218143 5231404 5233068 13153379 13156205 13156389 15400342 15419475 15420673 15433162 15588706 15614706 15644284 25243971

Ambloplites rupestris 2

36.0 113.3 115.0 46.7 48.3 32.0 0 25.0 0 0 120.0 90.0 0 62.0 110.0 61.8 93.7 120.0

Ameiurus natalis 2

0 0 0 0 0 0 0 0 0 0 54.0 0 0 0 177.0 0 202.0 0

Amia calva 2

0 0 0 0 0 0 0 0 0 0 1040.0 0 0 0 0 0 0 0

Ammocrypta pellucida 2

0 0 0 0 0 0 0 2.0 0 0 0 0 0 0 0 0 0 0

Aplodinotus grunniens 2

2382.1 865.0 1692.8 0 1100.0 677.2 0 0 0 0 2100.0 0 0 254.5 0 0 545.5 492.1

Campostoma anomalum 1

0 6.3 8.2 20.3 9.2 8.3 0 0 0 0 21.4 0 5.0 0 0 0 0 10.0

Carpiodes carpio 1

0 905.0 1028.0 0 1350.0 601.3 750.0 0 0 0 0 583.3 900.0 0 0 0 0 961.4

Carpiodes cyprinus 2

1400.0 991.7 0 0 1425.0 4.5 0 0 0 0 1100.0 384.2 400.0 140.0 0 0 0 0

Author's personal copy



Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Carpiodes velifer 1

700.0 631.3 0 0 0 261.7 0 0 0 0 650.0 0 0 0 0 0 0 703.0

Catostomus commersonii 1

0 0 0 178.1 0 0 245.0 202.4 242.4 4.0 0 3.0 0 160.0 907.8 154.5 571.4 0

Cottus bairdii 2

0 0 0 9.0 0 0 0 0 0 0 0 2.5 1.0 0 0 0 0 0

Cyprinella spiloptera 2

2.0 4.0 4.6 0 3.0 4.1 2.5 5.0 0 3.3 3.4 3.7 3.5 2.4 0 5.1 4.7 3.5

Cyprinella whipplei 2

0 8.8 4.6 0 0 2.0 0 0 0 0 0 0 6.0 0 0 0 0 3.6

Cyprinus carpio 2

0 2083.3 2511.0 1681.3 2994.4 0 1460.0 0 4911.8 1787.5 1495.7 2317.9 2236.1 3400.0 3012.5 2150.0 2338.5 2366.7

Dorosoma cepedianum 1

135.5 66.0 176.5 0 347.1 247.9 89.4 46.0 5.0 51.7 114.2 422.0 60.9 104.5 0 0 9.0 234.3

Erimystax dissimilis 1

0 0 0 0 8.9 2.0 0 0 0 0 8.6 0 0 0 0 0 0 0

Erimystax x-punctata 1

0 0 8.0 0 0 5.8 0 0 0 0 4.0 0 0 0 0 0 0 0

Continued
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Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Esox americanus 2

0 0 0 0 0 0 0 52.5 38.6 0 0 12.0 5.0 0 15.0 0 0 0

Esox lucius 2

0 0 0 0 0 0 0 0 0 0 0 0 0 0 2400.0 0 0 0

Esox masquinongy 2

0 0 0 0 0 0 0 0 3991.7 0 0 0 0 0 0 0 0 0

Etheostoma blennioides 1

2.0 8.0 3.9 6.8 3.1 3.3 1.0 0 4.0 0 3.3 4.0 1.0 0 0 0 5.0 5.0

Etheostoma caeruleum 2

0 3.0 1.0 2.8 1.4 1.0 0 0 0 0 0 0 0 0 0 0 0 2.0

Etheostoma camurum 1

0 0 0 0 2.1 1.8 0 0 0 0 4.0 0 0 0 0 0 0 0

Etheostoma flabellare 2

0 0 0 0 0 0 0 7.3 0 0 0 0 0 2.0 0 0 0 0

Etheostoma nigrum 2

2.0 0 0 0 0 0 0 1.4 2.0 0 0 0 0 0 0 0 0 0

Etheostoma tippecanoe 1

0 0 0 0 0.8 1.4 0 0 0 0 0 0 0 0 0 0 0 0

Etheostoma variatum 1

0 4.0 4.9 0 7.5 2.5 0 0 0 0 3.6 0 0 0 0 0 0 5.0

Author's personal copy



Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Etheostoma zonale 1

0 4.0 1.8 2.1 0.8 1.7 0 2.0 0 0 1.0 1.5 1.3 0 0 0 0 1.9

Fundulus notatus 2

2.5 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 2.0 0

Hiodon tergisus 2

0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 217.0

Hypentelium nigricans 1

130.0 203.3 160.9 156.4 178.1 118.7 95.5 94.7 243.3 0 93.6 172.2 108.2 45.7 0 150.0 200.5 88.7

Ichthyomyzon fossor 1

0 0 0 0 0 0 0 12.5 0 0 0 0 0 0 0 0 0 0

Ictalurus punctatus 2

675.0 1512.5 1960.0 0 808.0 1.0 516.7 0 520.0 882.5 1757.1 1450.0 832.0 1115.0 0 0 250.0 1363.5

Ictiobus bubalus 1

0 2252.5 2215.7 0 0 1500.0 0 0 0 0 0 0 0 0 0 0 0 2500.0

Ictiobus cyprinellus 1

0 0 0 0 0 1900.0 0 0 0 0 0 0 0 0 0 0 0 1500.0

Ictiobus niger 1

0 0 0 0 450.0 0 0 0 0 0 0 0 0 0 0 0 0 0

Continued
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Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Labidesthes sicculus 1

1.3 0 0 0 0 0 0 0 0 2.8 0 0 0 0 0 0 0 0

Lampetra aepyptera 1

0 0 0 0 0 0 0 0 0 0 0 11.0 0 0 0 0 0 0

Lepisosteus osseus 2

1000.0 0 725.5 0 410.0 0 0 0 0 0 0 0 0 0 0 0 0 120.0

Lepomis cyanellus 2

90.0 22.5 0 0 0 20.0 52.5 9.3 9.6 0 0 18.3 0 0 0 6.7 23.9 0

Lepomis gibbosus 2

0 0 0 0 0 0 0 25.0 90.0 0 0 0 0 0 37.4 0 0 0

Lepomis gulosus 2

0 0 0 0 0 0 0 60.0 0 0 0 0 0 0 0 0 0 0

Lepomis macrochirus 1

46.7 21.0 0 9.3 15.4 45.0 11.7 42.2 33.3 135.0 40.0 22.5 36.2 0 25.5 80.0 80.0 76.7

Lepomis megalotis 1

10.2 63.5 32.3 0 20.5 21.8 27.5 0 0 0 0 32.0 0 13.3 0 0 25.9 14.8

Lepomis microlophus 1

0 0 0 0 0 25.0 0 0 0 0 60.0 0 0 0 0 0 0 0

Luxilus chrysocephalus 1

4.3 2.0 2.0 28.0 0 3.0 2.0 0 0 0 2.0 0 0 0 0 0 0 0

Author's personal copy



Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Luxilus cornutus 1

0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 21.1 0 0

Lythrurus fasciolaris 1

0 0 0 0 0 0 2.5 0 0 0 0 0 0 0 0 0 0 0

Lythrurus umbratilis 1

0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 2.0 0

Micropterus dolomieux 2

712.5 314.3 105.3 124.3 202.7 183.3 326.2 525.0 340.0 168.3 110.3 100.0 159.4 44.0 0 106.7 200.0 124.7

Micropterus punctulatus 2

46.8 140.0 0 0 192.5 49.4 0 0 0 0 187.0 475.0 96.0 170.0 0 0 0 10.0

Micropterus salmoides 2

57.5 90.0 0 0 15.0 0 85.0 70.0 134.3 621.6 233.3 11.3 2.3 169.5 171.8 0 85.7 0

Minytrema melanops 1

96.3 0 0 0 0 0 90.7 60.0 0 0 0 0 0 60.0 697.5 0 167.8 0

Morone chrysops 2

0 190.0 0 0 250.0 0 0 0 0 0 0 0 0 100.0 0 0 0 0

Morone saxatilis 2

0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 220.0

Continued
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Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Moxostoma anisurum 1

379.4 2075.0 2050.0 0 2150.0 1050.0 1240.0 0 0 0 855.3 560.0 728.8 413.9 0 0 0 1866.7

Moxostoma breviceps 1

51.7 296.0 416.3 0 0 285.0 295.0 0 0 0 229.1 0 0 0 0 0 0 215.2

Moxostoma carinatum 1

0 1950.0 0 0 2065.0 0 0 0 0 0 2245.5 0 0 550.0 0 0 0 0

Moxostoma duquesnei 1

78.3 714.5 814.8 476.9 153.8 700.0 650.0 0 0 0 330.0 750.0 0 0 0 0 0 379.3

Moxostoma erythrurum 1

48.6 526.0 559.6 450.0 398.6 7.3 384.5 51.3 0 0 171.5 391.3 331.0 176.8 0 166.2 386.5 372.8

Moxostoma macrolepidotum 1

0 0 0 0 447.5 0 0 0 0 0 0 0 0 100.0 0 0 0 0

Nocomis biguttatus 1

0 0 0 0 0 0 0 0 7.9 0 0 0 0 0 0 0 0 0

Nocomis micropogon 2

0 0 20.0 0 0 0 0 43.2 0 0 6.0 0 0 0 0 0 0 0

Notemigonus crysoleucas 1

0 0 0 0 0 0 0 0 15.0 0 0 0 0 0 17.4 0 0 0

Author's personal copy



Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Notropis amblops 1

0 0 0 0 0 0 0 0 0 0 2.4 0 0 0 0 0 0 0

Notropis atherinoides 1

3.0 2.3 1.7 0 0 2.0 0 0 0 0 0 0 0 1.9 0 0 18.7 1.1

Notropis buccatus 1

0 0 0 0 0 0 0 0 0 0 0 1.5 0 0 0 0 0 0

Notropis photogenis 1

2.0 0 2.0 9.2 5.8 2.0 5.9 0 0 0 8.7 0 0 0 0 0 0 0

Notropis rubellus 2

0 0 2.0 0 0 0 0 0 0 0 2.9 2.0 0 0 0 0 0 0

Notropis stramineus 2

0 0 2.3 0 1.9 1.2 0 0 0 0 2.0 2.0 2.5 0 0 0 3.0 1.5

Notropis volucellus 1

0 3.0 2.3 0 0 0 0 0 0 0 2.0 0 0 0 0 0 0 1.5

Noturus eleutherus 2

0 2.0 3.0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0

Noturus flavus 2

0 30.0 8.2 0 0 7.1 0 0 0 0 6.0 0 0 0 0 40.0 0 10.0

Noturus miurus 2

0 0 0 0 0 5.0 0 0 0 0 0 0 0 0 0 0 0 0

Continued
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Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Noturus stigmosus 2

0 0 6.0 0 0 5.0 0 0 0 0 0 0 0 0 0 0 0 1.0

Perca flavescens 2

0 0 0 0 0 0 0 70.9 46.4 18.0 0 26.0 0 0 0 0 0 0

Percina caprodes 2

7.6 16.0 8.6 17.0 15.5 12.5 14.9 18.5 0 0 11.0 13.0 0 0 0 0 0 6.3

Percina maculata 2

0 0 0 0 0 0 0 0 0 0 4.0 0 0 0 0 0 0 0

Percina phoxocephala 1

0 4.0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 6.0

Percina sciera 1

0 0 0 0 0 0 0 0 0 0 0 0 12.0 0 0 0 0 0

Percopsis omiscomaycus 2

0 0 0 0 0 0 0 0 0 0 0 0 1.3 0 0 0 0 0

Phenacobius mirabilis 1

0 0 4.5 0 0 3.0 0 0 0 0 0 0 0 0 0 0 0 7.0

Pimephales notatus 1

2.6 2.9 2.7 8.0 3.0 1.4 2.0 3.0 4.0 3.8 2.3 0.8 2.5 0 0 3.0 3.1 1.6

Pimephales vigilax 2

0 2.0 1.0 0 0 2.0 0 0 0 0 0 0 0 0 0 0 0 2.4
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Table A1 Occurrence and site-specific body mass (wet weight) of freshwater fishes in the 18 investigated rivers across Ohio—cont'd
Pomoxis annularis 2

0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 80.0 116.0 0

Pomoxis nigromaculatus 2

0 0 200.0 0 0 0 215.0 0 51.8 250.0 280.0 0 0 0 139.7 0 0 0

Pylodictis olivaris 2

2700.0 1747.5 338.7 0 0 0 0 0 0 0 0 0 0 0 0 0 0 2020.0

Semotilus atromaculatus 2

0 0 0 29.0 0 0 0 0 0 0 0 0 0.9 0 0 0 5.0 0

Stizostedion canadense 2

0 290.0 0 0 388.0 0 0 0 0 0 0 0 0 137.5 0 0 0 379.0

Stizostedion vitreum 2

0 0 484.0 0 0 0 0 150.0 0 455.6 0 0 0 0 0 0 0 0

Umbra limi 2

0 0 0 0 0 0 0 0 4.0 0 0 0 0 0 0 0 0 0

Please note: Occurrence (if present, weight is provided) and behavioural level: 0=fish species absent in a given site; 1=all fish species feeding upon preys from other taxocenes; 2=piscivorous
fishes predating within their own taxocene but not within their own population (cannibalism excluded). All feeding traits and fish taxonomy according to www.FishBase.org version June 2011
accessed August 2011.
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Feld, C., Roux, X.L., Berg, M.P., Cornelissen, J.H., Hance, T., et al., 2009.
RUBICODE—how trait linkages within and across trophic levels underlie the vulner-
ability of ecosystem services. FP6, Thematic Area: Global Change and Ecosystems.
European Commission, DG Research, Bruxelles.

Layer, K., Riede, J.O., Hildrew, A.G., Woodward, G., 2010. Food web structure and sta-
bility in 20 streams across a wide pH gradient. Adv. Ecol. Res. 42, 265–299.

Layer, K., Hildrew, A.G., Jenkins, G.B., Riede, J., Rossiter, S.J., Townsend, C.R.,
Woodward, G., 2011. Long-term dynamics of a well-characterised food web: four de-
cades of acidification and recovery in the Broadstone Stream model system. Adv. Ecol.
Res. 44, 69–117.

Leaper, R., Raffaelli, D., 1999. Defining the abundance body-size constraint space: data from
a real food web. Ecol. Lett. 2, 191–199.

Ledger, M.E., Harris, R.M.L., Armitage, P.D., Milner, A.M., 2012. Climate change impacts
on community resilience: evidence from a drought disturbance experiment. Adv. Ecol.
Res. 46, 211–258.



81Distributional (In)Congruence of Biodiversity–Ecosystem Functioning

Author's personal copy
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